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Chlorobenzenes (CBs) are persistent groundwater contaminants of concern at 
hundreds of industrial sites around the world. This work investigated microbial 
biodegradation of CBs at the interface between oxic and anoxic groundwater conditions as 
a potential strategy to remediate sites and minimize human exposure to contaminants. 
 Biodegradation of micromolar concentrations (<60 µM) of 1,2,4-trichlorobenzene 
(1,2,4-TCB) was investigated in simulated oxic-anoxic interfaces (OAIs) using packed 
upflow columns. Increasing doses of model electron donor sodium lactate (NaLac) from 
0.14 to 1.4 mM enhanced anaerobic reductive dechlorination activity, which stalled to 
monochlorobenzene without further dechlorination.  However, excess NaLac (1.4 mM) 
suppressed aerobic CB degradation by increasing demand for limiting oxygen. Inclusion 
of wetland sediment within the column matrix was associated with enhanced reductive 
dechlorination and enrichment of anaerobic CB-dechlorinator Dehalobacter. 
Dechlorinated daughter products were not associated with enhanced aerobic degradation, 
suggesting no benefit of an initial reductive dechlorination step for 1,2,4-TCB 
mineralization. 
 Biodegradation of 1,2,4-TCB at simulated OAIs was also tested under nitrate- and 
sulfate-reducing conditions, which are common in anaerobic groundwater plumes. Under 
constant electron donor (0.55 mM NaLac), increased nitrate and sulfate concentrations 
decreased reductive dechlorination activity. Complete inhibition was observed at 2.5 mM 
nitrate and 10 mM sulfate. Re-oxidation of reduced sulfur negatively impacted aerobic CB 
degradation. In contrast, nitrate enhanced aerobic CB degradation by serving as a sink for 
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reduced compounds that compete with CB for limited concentrations of oxygen. Under 
excess nitrate (2.5 mM), a 270% increase in aerobic degradation was observed.  
 In separate batch experiments, effects of granular activated carbon (GAC) 
amendment on aerobic CB biodegradation were investigated. GAC seeded with an aerobic 
enrichment culture was shown to effectively facilitate mineralization of 1,2-
dichlorobenzene in synthetic media and in site water. Increased GAC dose (0.13-6.7 mg/L) 
decreased degradation activity while increased wetland sediment loads (0.33-333 g/L) 
increased degradation. Results highlighted potential tradeoffs between sorption and 
biodegradation.  
Overall, these findings emphasize the complex interactions between site and 
amendments at OAIs that warrant careful consideration in order to implement successful 
remediation strategies. Results from these studies demonstrate the potential for substantial 
CB bioremediation under optimal environmental conditions.  
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1.2 Chlorobenzene Background 
1.2.1 Production and Prevalence of Contamination  
CBs are a group of chlorinated aromatic compounds that consist of one to six 
chlorine atoms substituted onto a single aromatic ring. Historically, CBs have been used as 
deodorants, as carrier solvents, and as intermediates for products such as dyes, plastics, and 
pesticides [1]. The most industrially important CB congeners include monochlorobenzene 
(MCB), 1,2-dichlorobenzene (1,2-DCB), 1,4-dichlorobenzene (1,4-DCB), 1,2,4-
trichlorobenzene (1,2,4-TCB), and hexachlorobenzene (HCB); HCB is banned as of 2004 
under the Stockholm Convention [1, 2]. These compounds are produced synthetically 
through reaction of benzene with excess chlorine in the presence of a catalyst such as iron 
or aluminum chloride [3]. A mixture of CB congeners is produced nonspecifically in this 
process, requiring subsequent fractional distillation to separate products. 
Thanks to increased scientific research and regulation, environmental releases of 
CBs have decreased steadily over the past few decades. Based on data from the EPA Toxic 
Release Inventory, significant reductions were made in the release of 1-3 CB congeners 
over a 13-year period from 2003 to 2015 [4]. According to the 2015 inventory, the majority 
of recent releases consisted of air emissions (267 metric tons) while a much smaller amount 
was attributed to land and surface water disposal (<0.2 metric tons), both of which have 
been significantly mitigated over the inventory history [4]. Despite this progress, there is a 
substantial legacy reservoir resulting from historic and unreported spills that continues to 
persist in the environment. Of 1854 EPA National Priorities List (NPL) sites evaluated by 
the Agency for Toxic Substances and Disease Registry (ATSDR), several hundred sites 
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have documented CB contamination (over 26% of the total database) and several dozen 
pathways to human exposure have been identified (Table 1.1).  
 Table 1.1. CB contamination at EPA NPL sites and associated regulatory limits (2017) 
Substance 
Name SPL Rank 
b 
Occurrences at NPL Sites (% Frequency) a EPA MCL 
(µg/L) e Sites Contaminated c Exposure Pathways d 
Benzene 6 972 (52.4%) 143 (7.7%) 5 
PeCB 76 14 (0.8%) 2 (0.1%) NR f 
HCB 93 111 (6.0%) 12 (0.6%) 1 
MCB 128 491 (26.5%) 33 (1.8%) 100 
1,2,3-TCB 137 30 (1.6%) 1 (0.1%) NR 
1,4-DCB 163 322 (17.4%) 10 (0.5%) 75 
1,2-DCB 179 277 (14.9%) 5 (0.3%) 600 
1,2,4-TCB 202 183 (9.9%) 4 (0.2%) 70 
1,3-DCB 208 170 (9.2%) 3 (0.2%) NR 
1,2,3,4-TeCB 413 12 (0.6%) - NR 
1,3,5-TCB 527 4 (0.2%) - NR 
1,2,4,5-TeCB 567 16 (0.9%) - NR 
Total NPL Sites 1854  
a. Adapted from 2017 ATSD Substance Priority List Complete Exposure Pathway Report Data [5]  
b. Rank on 2017 ATSDR Substance Priority List 
c. Number of NPL sites with documented substance contamination including NPL Site File records 
d. Number of documented pathways to human exposure for substance at NPL sites 
e. Maximum Contaminant Level from EPA National Primary Drinking Water Regulations [6] 
f. NR - Not Regulated 
 
1.2.2 Health Risks and Ecotoxicity 
CBs are recognized as substances hazardous to human health and are consequently 
regulated contaminants [6]. CBs are nonpolar narcosis chemicals, which disrupt cell 
membranes and have toxicity generally proportional to concentration [7]. Studies have 
found that toxicity has been correlated to the number of substituted Cls attached to the 
aromatic ring as well as hydrophobicity [7-9]. In humans, CBs are partially metabolized in 
the liver by cytochrome P450 2E1 to form chlorocatechol urinary metabolites [10]. 
Although evidence of mortality is low, these compounds are suspected carcinogens and at 
high doses have been shown to cause skin irritation, damage the liver, and suppress central 
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nervous system functionality [11]. Benzene, a common CB co-contaminant and 
degradation product, is a proven multipotential carcinogen [12]. In the workplace, the 
Occupational Safety and Health Administration (OSHA) has placed permissible limits on 
air exposure for workers. MCB, for example, is limited to a 75 ppm (350 mg/m3) time 
weighted average vapor concentration (concentrations above 1000 ppm pose immediate 
hazardous health conditions) [13]. Eleven different CB congeners plus benzene are 
included on the 2017 ATSDR Substance Priority List (SPL) due to their prevalence, 
toxicity, and potential for human exposure (Table 1.1) [5]. Additionally, five different CB 
compounds and benzene are nationally regulated drinking water contaminants in the US, 
with maximum contaminant levels of 600 µg/L and below (Table 1.1) [6].  
 Despite regulations to limit high dose exposure and limited recorded physiological 
effects in humans, recent studies have found evidence of potential negative health effects 
at concentrations far below regulated limits. Lehmann et al. (2008) found that cultured lung 
cells exposed to vapor phase MCB at concentrations above 10 µg/m3 resulted in production 
of inflammatory mediator compounds, which have been linked to increased allergic 
sensitivity and respiratory inflammations [14]. This inflammation was found to be a result 
of oxidative stress from reactive oxygen species produced during CB metabolism [15]. 
Prolonged subtoxic doses (0.1 µg/kg daily) of a 1,2,4-TCB and HCB mixture given to mice 
led to anxiety-related effects and potential behavior changes, which may occur in humans 
as well [16]. Workers exposed to benzene at air concentrations below the OSHA-regulated 
limit of 1 ppm were found to have significantly lower white blood and platelet cell counts 
than control groups [17]. Given the limited number of studies conducted with humans and 
the subtle effects elucidated in studies thus far, many health effects of CBs on humans may 
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still be unknown. However, the evidence suggests that health concerns exist for CBs well 
below established regulatory limits.  
 In addition to potential human health effects, CBs possess ecotoxicity that may 
disrupt natural systems and biogeochemical cycles near areas of contamination. Boyd et 
al. (1998) used bioluminescence to measure toxicity in a terrestrial Pseudomonas bacteria 
species and found half maximal effective concentration (EC50) values ranging from 0.54 
mg/L for TCB to 118.5 mg/L for MCB [8]. Toxicity studies on methanogenic bacteria in 
granular sludge found half maximal inhibitory concentrations (IC50) of 94-380 mg/L in 1-
3 CBs and 1.5 g/L in benzene with a positive linear correlation between toxicity and 
hydrophobicity (log P) [9]. A study by Calamari et al. (1983) found both growth and 
photosynthetic inhibition in Eukaryotic algae Raphidocelis subcapitata at EC50 values from 
0.9 mg/L for 1,2,3-TCB to 12.5 mg/L for MCB [18]. This same study tested lethal CB 
doses on rainbow trout and found 48 hour 50% lethal concentration (LC50) values from 
1.95 mg/L for 1,2,4-TCB to 4.1 mg/L for MCB [18]. Chronic exposure of zebrafish to 
1,2,3-TCB was found to decrease the number eggs produced by females with an EC50 value 
of 40 µg/L [19]. These studies highlight significant observed and potential risks of CB 
contamination on flora and fauna in the environment. These same CBs may also affect 
higher organisms through pathways such as consumption of water, volatilization into air, 
and predation of contaminated organisms.  
1.2.3 Subsurface Fate and Transport 
CBs can be collectively classified as dense non-aqueous phase liquids (DNAPLs), 
which are organic liquids sparingly soluble in water with a specific gravity greater than 1. 
These compounds readily dissolve in nonpolar solvents and are also co-soluble. Some CBs 
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(1,4-DCB and 1,2,3-TCB, 1,3,5-TCB, TeCBs, PeCB, HCB) form solid crystals at room 
temperature, but are readily soluble in liquid CB congeners. As the number of substituted 
chlorines on the aromatic ring increases, aqueous solubility decreases, density increases, 
volatility decreases, and partitioning to sediment increases [1, 20]. Liquid CBs released 
into the environment tend to travel downward through sediment and aquifer pore space, 
displacing water until eventually being impounded by impermeable aquitards [21]. 
Because of low groundwater velocities and sparing aqueous CB solubility (maximum 498 
mg/L for MCB), dissolution and removal of these chemicals from groundwater under 
natural conditions can span decades or possibly longer [22]. This slow flushing of neat CBs 
leads to a persistent source of dissolved aqueous concentrations that are orders of 
magnitude lower than the organic phase yet still well above “safe” regulatory standards 
[22]. All CBs (especially more chlorinated congeners) have strong sorption potential for 
organic sediments. Less chlorinated CBs (especially MCB) may undergo volatilization in 
shallow water and shallow sediment [23, 24]. Highly chlorinated CBs, more often found 
in lower dissolved concentrations and higher sorbed sediment concentrations, can continue 
to persist in surface water due to their low vapor pressures [1]. CBs in dissolved, neat 
liquid, and vapor phases each present unique challenges for cleanup as well as exposure 
for biota in the environment.  
1.2.4 Biodegradation 
 CBs are recalcitrant to most abiotic transformations relevant to the environment, 
with the exception of atmospheric degradation by free radicals [25]. However, they can be 
transformed biologically by a variety of bacteria in both energy-yielding and fortuitous 
biochemical reactions, both aerobically and anaerobically [24]. Thermodynamically, the 
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aerobic oxidation reaction is favorable for all CB congeners with standard free energy 
change Δ𝐺𝑜′ ranging from -3014.5 kJ/mol for MCB to -2130.95 kJ/mol for HCB; similarly, 
the anaerobic reductive dechlorination of CBs coupled to oxidation of H2 is also 
thermodynamically favorable with Δ𝐺𝑜′ ranging from -171.4 kJ/mol for HCB to -139.6 
kJ/mol for MCB [24, 26]. Under optimal environmental conditions, various bacteria have 
been shown to transform all CB congeners, following at least one of the two transformation 
pathways described below.  
1.2.4.1 Anaerobic Reductive Dechlorination 
 
Figure 1.1. Generalized anaerobic CB reductive dechlorination pathway in a microbial consortium (steps 
inside dotted box occur specifically in dehalorespiring organism). 
Under anaerobic conditions, CBs can be sequentially dechlorinated in a coupled 
reductive dechlorination reaction known as dehalorespiration. Here, CBs serve as electron 
acceptors to a coupled electron donor, H2, in an energy-yielding process [27]. Figure 1.1 
illustrates a conceptualized dechlorination pathway in a mixed anaerobic culture with a 
single organic carbon source. An external carbon source such as acetate is required for 
biosynthesis. This degradation reaction is catalyzed by a group of enzymes known as 
reductive dehalogenases, which have diverse orthologies but similar function among their 
parent organisms. Collectively, reductive dehalogenases are highly sensitive to oxygen and 














require an enzymatic cofactor, cobalamin (vitamin B12) to function [27, 28]. These 
enzymes are contained in a small group of organohalide respiring bacteria (OHRB), 
capable of reducing a variety of aromatic and aliphatic halogenated compounds [27]. 
Several OHRB have been isolated from mixed communities. Specialist organisms in 
genera such as Dehalococcoides, Dehalogenimonas, and Dehalobacter [29] have strict 
metabolisms relying exclusively on dehalorespiration of H2 for growth, but contain many 
different reductive dehalogenase genes that potentially reduce a variety of halogenated 
compounds [27, 30]. In contrast, bacteria from genera such as Desulfitobacterium and 
Geobacter have more diverse metabolisms, capable of using alternate anaerobic electron 
donors and acceptors at the expense of fewer reductive dehalogenase genes [27]. Presently, 
CB dehalorespiration has only been directly attributed to strict OHRB in genera 
Dehalococcoides, Dehalobacter, Dehalobium, and Dehalogenimonas [24, 29, 31-34]. 
Outside of carefully controlled laboratory conditions, strict OHRB exist as functional 
members of mixed microbial communities. These dechlorinators rely on other community 
members to synthesize necessary growth factors including H2, assimilable organic carbon, 
and cobalamin.  
Chemically, reductive dechlorination can be confirmed through the proportional 
concentration increase of dechlorinated daughter products relative to the parent CB 
compound. Because CBs are not used as a carbon source in this process, 14C from 
radiolabeled CBs would not tend to accumulate in cell biomass or evolved CO2. However, 
increases in OHRB population can indirectly indicate dechlorination activity [35]. 
Anaerobic dechlorination of MCB, 123 TCB, and 124 TCB has been shown to undergo 13C 
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stable isotope fractionation in contrast to aerobic degradation, highlighting another 
potential method to identify active degradation pathways [36-38].  
Reductive dechlorination has been reported for all CB congeners from MCB to 
HCB [28, 29, 39-43]. The pathway of CB dechlorination generally follows the most 
thermodynamically favorable route, with decreasing affinity for C-Cl bod cleavage from 
doubly flanked, to singly flanked, and finally to unflanked Cl atoms [24]. In the context of 
this project, 1,2,4-TCB is preferentially dechlorinated to 1,4-DCB and 1,3-DCB over 1,2-
DCB; all DCB congeners can subsequently be dechlorinated to MCB [24, 41].  
Transformation of more highly chlorinated CBs is thermodynamically more favorable than 
lower CBs, though overall degradation rates in the environment can be limited by 
decreased aqueous solubility and bioavailability [44]. In this case, higher CBs released into 
the environment will partition strongly to sediment organic matter and may exhibit slower 
rates of dissolution and degradation than observed in batch liquid cultures [45]. MCB 
exhibits much lower rates of dechlorination than DCB and TCB congeners, presenting a 
potential limiting step that can lead to MCB accumulation in the environment [46, 47]. 
Additionally, the accumulation of benzene in the environment, with greater human toxicity 
and more strict drinking water limits (5 µg/L) than less chlorinated CBs, is an undesirable 
degradation outcome [6, 40]. However, complete mineralization of CBs anaerobically has 
been shown to occur through isotope fractionation studies [48, 49] in the field and in 
laboratory microcosms [40], where produced benzene can be degraded under a variety of 
reducing conditions.   
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1.2.4.2 Aerobic Degradation 
Aerobically, CBs can be degraded as a source of carbon and electron donor for cell 
growth using O2 as an electron acceptor. Organisms capable of aerobic degradation have 
been identified in CB-contaminated sites around the world [24, 50, 51]. Degradation is 
initiated by dioxygenase enzymes, which activate the aromatic ring structure to facilitate 
C-C bond cleavage [24]. Typically, these adapted dioxygenases have versatile substrate 
specificity, with the ability to cleave aromatic homologues such as chlorophenols, 
chlorobenzoates and naphthalene [52-54]. Because dioxygenase enzymes are common in 
aerobic organisms, aerobic CB degradation is observed frequently in CB-contaminated 
sites. This has been attributed to modification of similar metabolic pathways over time as 
well as horizontal gene transfer between organisms [55, 56]. Some of the most frequently 
studied isolates are Gram-negative Proteobacteria in order Burkholderiales and genera 
Alcalingenes, Pseudomonas, Xanthobacter [24, 53, 57-60].  
 
Figure 1.2. Generalized aerobic CB degradation pathway.  
All CB congeners that undergo aerobic biodegradation follow a similar metabolic 
pathway (Figure 1.2), where a dioxygenase enzyme uses an O2 molecule to hydroxylate 






























Subsequently, another O2 molecule is used by a dioxygenase to hydroxylate the 
chlorocatechol again at the same carbon pair, causing cleavage of the aromatic ring. This 
cleavage can either occur in the ortho position (adjacent to both hydroxylated carbons) or 
meta position (only adjacent to one hydroxylated carbon), forming an aliphatic 
chloromuconic acid compound. The ortho cleavage pathway is much more common in 
chloroaromatic degraders than meta due to suicide inactivation of the meta dioxygenase 
enzyme by its acylchloride product [57, 61]. Subsequent hydrolysis reactions cleave the 
attached Cl atom from the molecule, yielding free Cl- and H+. The non-halogenated product 
can then be metabolized in the Krebs Cycle, with additional O2 serving as a terminal 
electron acceptor during oxidative phosphorylation to yield H2O and CO2 [26, 62].  
Aerobic degradation has been demonstrated in CB congeners with 4 or less attached 
chlorines in the environment and in controlled laboratory experiments [24, 50, 54, 63, 64]. 
Verification of aerobic CB degradation can be accomplished measuring disappearance of 
CBs in conjunction with increased dissolved Cl- concentrations [58], 14CO2 evolution using 
radiolabeled CBs [50], or increased bacterial populations when CB is the sole source of 
carbon [65]. In addition, increased expression of dioxygenase-coding genes has been used 
to infer degradation [52, 66]. There have been varying reported differences in degradability 
and rates of aerobic degradation between CB congeners. Some studies have reported a 
generally increasing trend in aerobic degradation with decreasing degree of chlorination 
with particular congeners more recalcitrant than others [53, 60, 67, 68]. Specifically, there 
is reported lower degradability of 1,3-DCB compared to other DCB congeners [69] [70] 
and 1,2,3-TCB compared to 1,2,4-TCB [64]. Others have reported similar degradation rates 
between MCBs, DCBs, and 1,2,4-TCB [64]. However, some reported differences in rate 
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appeared to be the result of prior substrate acclimation in microbial cultures rather than 
intrinsic metabolic rate limitations [53, 64].  
1.3 Research Motivation 
Remediation of groundwater contaminants is an expensive and long-term 
challenge, with an estimated $110-$127 billion cost to complete cleanup of the thousands 
of known contaminated sites in the US alone [71]. DNAPL source zones are often 
inaccessible and can persist for decades due to low contaminant solubility, slow 
groundwater flow, and sorption to sediments [72]. As a result, site remediation must often 
focus on removal of contaminants from dissolved groundwater plumes and sorbed 
sediment rather than removal of the source [73]. Because the hydrology, contaminant 
profiles, geochemical conditions, and risk of human exposure are heterogeneous and 
unique to each contaminated site, there is no “one size fits all” approach to remediation.  
Rather, it has been suggested by numerous prominent environmental experts, including 
Perry McCarty, that a combination of different technical strategies, both existing and novel, 
is required to achieve satisfactory results [73, 74]. This research is motivated by the need 
to further develop techniques and an understanding of appropriate conditions for CB 
bioremediation at contaminated sites. The following sections describe topics covered by 
this dissertation and important research needs that will be addressed.  
1.3.1 “Standard Chlorine of Delaware” Field Site 
The Standard Chlorine of Delaware (SCD) EPA Superfund site is the field site that 
served as motivation for this research. During the former CB manufacturer’s operation 
from 1966 to 2002, two major spill events led to the discharge of 5000 gallons of MCB 
from a rail car in 1981 and 569,000 gallons of mixed DCBs and TCBs spill from 
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aboveground storage tanks in 1986 [75]. Substantial remedial action has since occurred at 
the main industrial site, under strategies that have included sediment removal, barrier wall 
installation, and active groundwater pump and treat [75]. Nonetheless, significant 
contamination has been identified in the adjacent wetland site, and remedial action at that 
location has not yet been taken. In a USGS site assessment from 2009-2012, DNAPL-level 
concentrations of mixed 1-3 CBs were detected in aquifer material, shallow sediments, and 
porewater throughout the wetland (Figure 1.3) [76].  
 
Figure 1.3. Site assessment of wetland contamination adjacent to Red Lion Creek at Standard Chlorine of 
Delaware Superfund site. Red circles indicate varying levels of potential CB DNAPL contamination in 
wetland porewater (Lorah et al., 2014 [76]). 
Like many wetland systems, there is a vertical hydraulic gradient that causes 
upwelling of groundwater through the wetland and into the adjacent Red Lion Creek 
watershed (Figure 1.4) [76]. Here, site surveys have shown predominantly anaerobic 
porewater in shallow wetland sediments, with redox indicators methane, ferric iron, and 
sulfides present [76]. However, microbial community data and 13C tracer uptake into cell 
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biomass and CO2 have strongly suggested that both anaerobic and aerobic CB degradation 
processes may be occurring concurrently in this system. Similar observations have been 
made by Burns et al. (2013) at another contaminated site in Michigan [77] and by 
Braeckevelt et al. (2007) in a constructed wetland system [78]. Because of the 
heterogeneity in site measurements, it is incredibly difficult to assess the rates or degree to 
which degradation may be occurring in situ. Instead, model systems and microcosms 
simulating site conditions are necessary to determine potential treatability [67, 79].  
  
Figure 1.4. Hydraulic head distributions and groundwater flow along southwest-northeast transect at SCD 
wetland site. Upward arrows indicate vertical groundwater flow through organic layer in wetland adjacent to 
Red Lion Creek (Lorah et al., 2014 [76]). 
1.3.2 Incomplete CB Reductive Dechlorination  
Biological treatment strategies for anaerobic sites can be highly dependent on the 
contaminant present. Much of the current understanding of halogenated organic compound 
remediation has been developed for the treatment of more prevalent chlorinated ethenes 
and ethanes such as trichloroethene (TCE) and tetrachloroethane (TeCA) [73]. Initially, 
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anaerobic reductive dechlorination of chloroethenes was found to be problematic due to 
incomplete dechlorination to toxic dichloroethene and vinyl chloride daughter products 
[80]. However, the discovery of vinyl chloride-degrading Dehalococcoides mccartyi, and 
optimization of conditions to support its growth have helped to remedy this process-
limiting step [81-83]. Thanks to this paradigm-shifting research, reductive dechlorination 
is a widely established remediation strategy to detoxify chloroethenes in the field [73].  
With CBs, however, dechlorination as a remediation pathway remains elusive. 
Dechlorination of MCB to benzene has been described in several recent laboratory 
enrichment microcosm studies, yet rates of dechlorination are significantly lower than that 
for more highly chlorinated CBs [29, 38, 40, 46]. Although Dehalobacter spp. have been 
implicated in this process, no specific organisms have been isolated or characterized [29]. 
To our knowledge, no enrichment cultures have been developed to optimize dechlorination 
of MCB. Furthermore, benzene, the aromatic analog for completely dechlorinated aliphatic 
ethene, itself is highly toxic and is regulated at even lower levels than CBs [6]. Anaerobic 
dechlorination of CBs would thus need to proceed one step further to benzene 
mineralization in order to reach a satisfactory outcome. Innovative research by Liang et al. 
(2013) demonstrated coupled anaerobic benzene oxidation and MCB dechlorination 
processes, suggesting the potential for a self-sustaining anaerobic treatment strategy 
without the need for external electron donor [40]. However, until future research can better 
develop and demonstrate anaerobic CB mineralization in continuous and field-like 
conditions, this pathway remains currently non-viable for remediation treatments. Rather, 
aerobic degradation is the accepted standard for biological CB and benzene treatment; this 
has been the subject of substantial remediation research [23, 51, 52, 67, 84-87].   
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1.3.3 Biodegradation at Oxic-anoxic Interfaces 
Naturally-occurring oxic-anoxic interfaces (OAIs) at wetlands present a naturally-
occurring niche for potential aerobic CB degradation in previously anoxic groundwater. 
These interfaces occur often in aqueous systems, where mass transfer of atmospheric 
oxygen is limited by low diffusion and ppm-level aqueous solubility. At steady-state, high 
biomass and microbial activity are supported at overlapping gradients of limiting nutrients 
such as carbonaceous electron donors and oxygen [88]. Gradients can be very steep, with 
dramatic concentration changes occurring on the scale of several millimeters in organic 
rich sediments and microbial mats; or they can be much more gradual, with changes 
occurring on the order of several meters in sediment-free water columns [88]. In the cases 
of wetlands and hyporheic zones, the flux of electron donor-rich water often moves counter 
to the flux of oxygen from the air-water interface, forming gradient conditions. The flux of 
oxygen can be complex, with heterogeneities in both magnitude and direction. Processes 
such as turbation [89], plant root oxygenation [23], photosynthesis [90], and water table 
fluctuation [23, 91] have all been shown to contribute to aeration of shallow groundwater.  
Several studies have quantified CB degradation under various interfacial 
conditions. Kurt et al. (2012) found substantial MCB degradation at the sediment-water 
interface of a continuously-flowing saturated water column in a completely aerobic system 
[79]. In a separate study, Kurt and Spain (2013) found high rates of aerobic degradation of 
CBs at the OAI in the unsaturated capillary fringe above anoxic groundwater [92]. 
Additionally, batch experiments have shown high rates of aerobic degradation after 
temporally sequencing anaerobic and aerobic conditions [58, 67]. Less certain is the fate 
of CBs in the transition from anaerobic to aerobic conditions under limiting oxygen flux 
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experienced in saturated groundwater. At highly contaminated sites such as SCD, a variety 
of reduced electron donors including CBs may all compete for the same pool of oxygen, 
potentially limiting aerobic CB degradation much more than these simple model systems 
may suggest [67]. Consequently, there is a need to assess CB degradation in systems that 
more accurately reflect the vertically-stratified groundwater aeration that occurs in the 
field.  
1.3.4 Influences of Competing Redox Processes 
Many studies have investigated the competition between reductive dechlorination 
and alternative reduction processes such as acidogenesis, methanogenesis, sulfate 
reduction, and nitrate reduction using chlorinated ethenes as model compounds [93-97]. 
Although there is substantial overlap between reaction thermodynamics and microbiology 
of OHRB, much less of this fundamental work has been validated in CB-dechlorinating 
systems [41, 98]. Even in the small body of CB literature, there is no consensus on the 
reducing conditions that support CB dechlorination. At low µg/L concentrations, Bosma et 
al. (1996) found biological CB transformations to occur under methanogenic and sulfate-
reducing conditions, but not under nitrate-reducing conditions [70, 99]. Adrian et al. 
(1998), however, found that sulfate reduction inhibited CB reductive dechlorination at 
mg/L concentrations [98]. It would therefore be important to determine CB dechlorination 
activity under explicitly controlled reducing conditions to help clarify geochemical 
conditions where this process is viable.  
With aerobic CB degradation, the challenge for remediation is supplying an 
adequate amount of oxygen to facilitate degradation. Numerous competing processes, such 
as ferric iron, methane, and sulfide oxidation exert O2 demand, limiting availability for CB 
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degradation. CB degradation under very low oxygen fluxes has been verified, but can lead 
to incomplete mineralization to chlorinated intermediates such as chloromuconates and 
chlorocatechols [100]. Efforts to increase oxygen availability through air and oxygen 
sparging [52, 101] and hydrogen peroxide amendment [86, 102] have helped stimulate 
degradation, but have been shown to be costly and inefficient. While CB oxidation has 
only been validated as an oxygen-mediated process, there has been some suggestion that 
nitrate can serve as a terminal electron acceptor for CB degradation and increase CB 
degradation under oxygen-limited conditions [62, 66]. This would be particularly 
beneficial in highly contaminated sites, where the demand for oxygen is often much greater 
than availability. At OAIs where both anaerobic and aerobic processes are occurring, it is 
crucial to understand the tradeoffs and balance between anaerobically reduced substrates 
and potential for aerobic degradation downgradient.  
1.3.5 Innovative Amendments to Enhance Biodegradation 
There have been numerous developments in passive amendments to enhance 
remediation of contaminated sites. Complex carbon sources such as olive oil [103], chitin 
[104], peat [105], and corn cobs [106] have all been successfully demonstrated as slow-
release long-term electron donors for chloroethene reductive dechlorination. These 
compounds are slowly hydrolyzed into soluble fermentable substrates, which limits the rate 
of H2 generation [106]. Reductive dechlorination has been shown to favorably outcompete 
undesirable methanogenesis, sulfate reduction, and acetogenesis when H2 partial pressures 
are kept below thermodynamic thresholds for these other processes [93, 96]. Oxygen 
amendments have been used to overcome low DO concentrations in groundwater and 
enhance aerobic degradation of chlorinated and aromatic contaminants. Hydrogen peroxide 
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has been used through active injection and decomposition to oxygen [86, 105]. Solid phase 
calcium and magnesium peroxide compounds, which slowly hydrolyze in water, have 
successfully been used to stimulate aerobic degradation [107, 108]. Oftentimes, these 
anaerobic and aerobic amendments have been emplaced in aquifers through permeable 
barriers perpendicular to groundwater flow in order to create reducing, oxidizing, or 
sequentially combined “biobarriers” [109-111]. 
Sorptive amendments such as granular activated carbon (GAC) have been proven 
to be highly effective in sequestering hydrophobic organic contaminants and reducing 
bioavailability in situ [112-115]. Additionally, they have been shown to be excellent 
delivery matrices for bioaugmentation cultures in order to stimulate combined sorption and 
biodegradation [116-118] . Sorption may temporarily sequester contaminants in a flowing 
system where high contaminant concentrations or limiting nutrient availability limit 
biodegradation activity, effectively providing a stabilizing sink to for variable chemical 
fluxes [102]. However, strong sorbents have also shown to limit rates and extents of 
contaminant biodegradation due to aging and desorption mass transfer limitations, which 
may increase overall contaminant destruction time [85, 119, 120]. Very little work has 
focused on applying these amendments for in situ CB biodegradation. In particular, 
tradeoffs between sorptive contaminant sequestration and potential limits to CB 
biodegradation must be investigated further in order to develop sustainable and effective 
amendment strategies.  
1.3.6 Microbial Community Interactions in Degradative Systems 
Much of the fundamental understanding of enzymatic pathways and microbial 
diversity of contaminant degradation has been achieved through enriched and pure cultures 
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of degraders [32, 98, 121-123]. While microbial community composition of various 
contaminant-degrading bioreactors has been described in numerous studies, it has often 
been achieved using highly specific targets (quantitative PCR) [97, 124] and/or low 
sampling depth (clone libraries) [29, 97, 122, 125]. Next-generation sequencing can reveal 
detailed diversity with great depth, allowing comparison of highly abundant organisms 
with less abundant organisms that may potentially be implicated, directly or indirectly, with 
contaminant degradation processes. For example, most strict OHRB require an exogenous 
cobalamin co-factor typically produced by sulfate-reducing and methanogenic bacteria for 
use in reductive dehalogenase enzymes [35]. PCB-degrading Dehalobium strain DF-1 was 
found to require an unknown factor from Desulfovibrio for growth [34]. Observing co-
occurrence between geochemical function, specific degraders, and other taxa can 
potentially uncover other unknown relationships between different organisms. Further, 
characterizing shifts in community composition across redox conditions, space, and time 
may yield new insights into the stability of degradation processes, species succession, and 
functional redundancies [46, 121].  
1.4 Dissertation Outline 
This dissertation is organized into the following chapters: 
Chapter 2 introduces a novel continuous-flow column system used to study 
interactions at a stable OAI. Two model column matrices consisting of wetland sediment 
from SCD site (SSC) and clean filter sand (SC) were operated continuously for 295 days 
to investigate dynamics of reductive dechlorination and aerobic degradation along the OAI. 
Biodegradation of 1,2,4-TCB at low ppm concentrations was evaluated while the dose of 
a model organic carbon source, sodium lactate, was cycled between concentrations of 0.14 
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and 1.4 mM. The stratified biofilm microbial communities in these actively-degrading 
columns were carefully analyzed for spatial trends across the interface. 
 Chapter 3 investigates the effects of alternative reducing conditions on 1,2,4-TCB 
biodegradation at the OAI using the experimental system developed in Chapter 2. Parallel 
filter sand columns were operated to evaluate the effects of changing the nitrate-reducing 
(0-2.5 mM nitrate) and sulfate-reducing (0.15-10 mM sulfate) conditions on CB 
transformations and on the electron balance of redox processes. Additionally, porewater 
microbial communities were assessed under these conditions to determine how structure 
and composition relate to changes in redox and degradation over time.  
 Chapter 4 evaluates factors affecting aerobic degradation of 1,2-DCB using 
bioaugmented GAC. Sorption can complement biodegradation in removing HOCs from 
groundwater, but may also create bioavailability limitations for degraders. The influence 
of GAC loading, site sediment, inoculation, and water characteristics on kinetics and extent 
of CB biodegradation were evaluated through simple batch microcosms.  
 Finally, Chapter 5 summarizes key experimental results, discusses important 
environmental implications, and presents prospects for future research resulting from this 
work. 
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and all dechlorinated daughter products at aggregate rates of 4.9-11.3 µM/hr. Initial 
reductive dechlorination did not enhance the overall observed extent or rate of subsequent 
aerobic CB degradation. Increasing NaLac dose increased the extent of reductive 
dechlorination, but suppressed aerobic CB degradation at 1.4 mM NaLac due to increased 
oxygen demand. 16S-rRNA sequencing of biofilm microbial communities revealed strong 
stratification of functional anaerobic and aerobic organisms between redox zones including 
the sole putative reductive dechlorinator detected in the columns, Dehalobacter. The 
sediment mixture column supported enhanced reductive dechlorination at all tested NaLac 
doses and growth of Dehalobacter populations up to 4.1×108 copies/g (51% relative 
abundance) compared to the sand column, highlighting the potential benefit of sediments 
in reductive dechlorination processes. Results from these model systems suggest both 
substantial anaerobic and aerobic CB degradation can co-occur along the OAI at 
contaminated sites where bioavailable electron donors and oxygen are both present. 
2.2 Introduction 
 Chlorobenzenes (CBs) are aromatic chlorinated organic solvents historically 
produced and used in industry. Exposure at low concentrations has been associated with 
negative human health effects including oxidative stress, respiratory inflammation, and 
possible carcinogenesis [1]. Due to spills and improper disposal at manufacturing and end-
use sites, CBs in the subsurface often become persistent sources of legacy groundwater 
contamination, occurring as dense nonaqueous phase liquids (DNAPL) and resulting in 
high (mg/L) aqueous CB concentrations.  Persistent DNAPL source zones can result in 
large dissolved aqueous plumes where contaminant concentrations are often in excess of 
1% aqueous solubility [2].  At least 491 EPA National Priorities List sites have documented 
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CB contamination, most frequently mono- (MCB), di- (DCB), tri- (TCB), and 
hexachlorobenzene congeners [3].  
 Biodegradation, either through natural attenuation or engineered in situ or ex situ 
treatment (bioremediation), is a significant environmental fate process for many organic 
contaminants, including CBs [4]. Bioremediation is an appealing treatment approach for 
CBs due to its relatively low cost, minimal site impact, and potential to be self-sustaining 
[5, 6]. Under anaerobic conditions, CBs can be reductively dechlorinated as terminal 
electron acceptors to less chlorinated congeners by organohalide respiring bacteria 
(OHRB) [7]. Though complete anaerobic mineralization of CBs through benzene 
metabolism has been demonstrated in laboratory microcosms and in trace amounts in situ 
[8-10], dechlorination of MCB to benzene is a known rate-limiting bottleneck in the 
degradation process [11].  Anaerobic bioremediation of CBs, in general, has been avoided 
in field-scale applications due, in part, to concerns regarding possible inadvertent 
accumulation of MCB and benzene in groundwater.  CBs with four or less chlorines and 
benzene, however, are particularly amenable to aerobic mineralization, where no toxic 
daughter products are produced [7]. Aerobic bioremediation is often employed for 
treatment of less-chlorinated CB congeners; however, the costs and difficulty of 
oxygenating groundwater can limit treatment effectiveness [6, 10].  
 Groundwater discharged to surface water through wetland sediments and hyporheic 
zones often encounters redox gradients, which support diverse microbial communities and 
activity [12, 13]. In these environments organic carbon turnover can create reducing 
conditions in subsurface porewater, while surface processes such as turbation, plant root 
oxygenation, and photosynthesis contribute to aerobic conditions [12, 14]. The oxic-anoxic 
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interfaces (OAIs) formed in such environments offer a niche to potentially support both 
anaerobic and aerobic CB degradation pathways. The extent of such interfaces, and hence 
degradation, can vary considerably depending on the heterogenous characteristics of field 
sites such as organic carbon loading, competing electron acceptors, and mass transfer 
limitations [13]. Contaminant degradation has been described across a variety of interfacial 
scales in groundwater, from steep millimeter-length anoxic boundaries [15, 16] to gradual 
microaerophilic permeation into deeper anaerobic zones [17, 18].  
 At the Standard Chlorine of Delaware (SCD) Superfund site (New Castle, DE), 
over 1 million liters of mixed MCBs, DCBs, and TCBs were released into the environment 
from spill events [19]. A previous site assessment conducted by the US Geological Survey 
found that subsurface CB DNAPL had contaminated the wetland adjacent to the industrial 
site, with mixed CB concentrations in excess of 50 mg/L and 1 g/kg in porewater and 
sediments respectively [20]. In situ Bio-Trap® microcosms as well as laboratory bioreactor 
experiments suggested that both reductive dechlorination and oxidative degradation 
pathways co-occur naturally in shallow SCD wetland sediments [20]. This and other 
studies [14, 18] have provided empirical evidence of coupled degradation at OAIs through 
indicators such as 13C stable isotope fractionation, genetic markers, and shifts in congener 
distribution. However, the rates and extents to which these CB degradation pathways may 
occur at these interfaces remain poorly understood.  
 In this study, we aimed to quantify the biodegradation potential of CBs discharged 
through a model OAI within a laboratory column system. Here we investigated the 
dynamics of labile carbon amendment on the anaerobic and aerobic degradation of 1,2,4-




create aerobic conditions in the upper zone. Sample ports at 3.75 cm, 7.5 cm, and 11.25 cm 
from the inlet (25%, 50%, and 75% of column length, respectively) were added to vertically 
profile the interface. Caps, fittings, and tubing were constructed of fluoropolymers to 
minimize sorptive losses.  
Two model matrices were tested in parallel. The first, “Sand and Sediment 
Column” (SSC), was packed with a 75:25 wt% (84:16 dry wt%) homogenized mixture of 
silica filter sand (0.55-0.65 µm) (Browns Hill Sand, Homestead, PA) and autoclaved 
wetland sediment sampled from the SCD site in 2016 [20]. The sediment, sieved below 1 
mm, had a total organic carbon content of 33.9 mg/g and a silt loam texture consisting of 
3.1% sand, 76.4% silt, and 20.5% clay. The second, “Sand Column” (SC), was packed 
solely with filter sand. Specific column design and packing details are provided in 
Appendix A (Section A.1.2). 
A defined simulated anaerobic groundwater media was used to support microbial 
growth and minimize nutrient limitations during the experiment (Section A.1.3). Media 
were fed from two separate stocks containing (1) dissolved 1,2,4-TCB (from neat stock) 
and sodium lactate (NaLac) and (2) mineral salts, replenished every 20-30 days. Each stock 
was prepared by autoclaving for 30 minutes, bubbling N2 to purge dissolved oxygen (DO), 
and transferring into zero-headspace feed bags to minimize re-oxygenation, volatilization, 
and sorption. Media entering the columns contained 0.32 mg/L Cl-, 10.6 mg/L SO42-, 0.25 
mg/L Fe, 21.2 mg/L total N (as NH4+), and 39.3 mg/L total P (as phosphate buffer and 
counter-anions); a trace metal solution [21]; and a vitamin mixture [22]. Chloride salts were 




Media were delivered to the columns continuously by a multi-channel peristaltic 
pump (Ismatec IP 12) to achieve linear porewater velocities similar to the maximum of 
2.98-4.49 cm/hr observed in the SCD wetland [20]. The anaerobic influent was diluted by 
a factor of 1.30 by the aerobic stream, and calculated parameters accounted for the dilution. 
Column hydraulics were determined mid-experiment (Day 155) by a bromide tracer test. 
A step-input of 25 mg/L bromide was added to the column influent with effluent samples 
collected in discrete 20-minute intervals and analyzed by ion chromatography. Bromide 
breakthrough was fitted to a 1-D advection dispersion model with a semi-infinite boundary 
condition (model described in detail in Section 3.3.4) using tracer interpretation application 
TRAC to determine column hydrodynamics for the entirety of each column [23]. Hydraulic 
residence times and linear velocities were then back-calculated separately for anaerobic 
and aerobic zones assuming a constant effective porosity throughout the entirety of each 
column and proportionality of linear velocities to the flow rates in each zone. Calculated 
hydraulic parameters for each column are described in Table 2.1.  
Table 2.1. Hydraulic characteristics of experimental columns 
Parameter Sand + Sediment Column (SSC) Sand Column (SC) 
Effective porosity a 0.34 0.48 
Effluent flow (mL/hr) b 7.14 ± .08 6.84 ± .09 
Linear velocity (cm/hr) a, c 3.32 / 4.31  2.26 / 2.94  
Hydraulic residence time (hr) a, c 3.02 / 1.16 [4.18]  4.43 / 1.70 [6.13]  
a Calculated from hydraulic tracer test on Day 155 
b Directly measured over course of experiment ±1 SD (n=5) 




2.3.2 Column Inoculation 
SSC was directly inoculated with both anaerobic and aerobic CB-degrading 
cultures under no-flow conditions. The anaerobic inoculum was a 1,2,4-TCB-fed 
subculture derived from WBC-2 (SiREM Labs, Guelph, ON); WBC-2 was previously 
shown to degrade CBs in field and laboratory tests at SCD [20]. The aerobic inoculum was 
a CB-fed culture enriched from filtered SCD wetland porewater fed with a mixture of 
MCB, 1,2-DCB, and 1,2,4-TCB as sole substrates. First, 40 mL of the anaerobic culture 
was injected by sterile syringe through the column influent port, displacing porewater 
media through the effluent. Ports were closed, and inoculation occurred statically for 4 
days. Next, 20 mL of the aerobic culture was injected through the 50% sample port, with 
excess media displaced through the effluent. This inoculated the upper half of the column 
only, which occurred statically for 3 days. Media were then pumped continuously (Day 0) 
for 46 days in a startup phase to facilitate flushing of sediment-bound constituents. Detailed 
inoculum culture characteristics are presented in Appendix A (Section A.1.4).  
 At Day 43, the SSC effluent was connected to the SC influent to provide a 
continuous flow-through inoculum for 3 days. The entire length of the SC matrix was 
passively inoculated by SSC porewater, in contrast to the bifurcated SSC inoculation 
scheme. At Day 46, SC was connected to the same influent media as SSC and began 
independent operation. This marked the end of startup and beginning of Phase 1. 
2.3.3 Experiment Operation 
 After start-up, columns were operated continuously at room temperature (18.0 o C 
±3.1 °C SD) for 249 days. Influent 1,2,4-TCB concentrations varied between batches, with 
an average value of 5.8±1.6 mg/L (32±8.8 µM). Aerobic zone DO concentrations after 
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oxygenated side-stream injection were 7.0 ±0.9 mg/L (220 ±30 µM). NaLac, a readably 
fermentable source of labile carbon, was used as a model electron donor for the system. 
Column operation was divided into five discrete experimental phases where influent NaLac 
was cycled between (1) 0.28, (2) 1.4, (3) 0.14, (4) 14.4, and (5) 0.28 mM. This represented 
a dissolved organic carbon (DOC) range of 5-50 mg/L, similar to the range of non-volatile 
DOC observed at the SCD site [20]. A short phase (6) removed oxygen from the side-
stream temporarily to verify oxygen dependence of aerobic zone reactions, while the final 
phase (7) restored oxygen and restored initial conditions before sacrificial sampling. A 
graphical summary of operational phases is presented in Figure 2.2a.  
Porewater samples were collected at three to four-day intervals at column influent 
(0%) and effluent (100%) ports. Less frequently, samples were collected along the vertical 
profile to observe spatial trends along the column length. Samples at 25% and 50% 
represented the anaerobic zone of the column before oxygen addition, and samples at 75% 
and 100% represented the aerobic zone of the column, after oxygen dilution (Figure 2.1). 
Tracer measurements showed that samples at 75% were not completely-mixed, so sample 
data from this port were not included here. Samples were collected by filling 5 mL glass 
Luer Lock syringes attached to sample ports by column flow. Immediately after collection, 
100 µL subsamples were taken from the syringe barrel using a gastight microsyringe and 
analyzed for CBs. The remaining sample volumes were passed through sterile 0.22 µm 
polyether sulfone syringe filters and stored in sterile polypropylene tubes for subsequent 
analysis.  
 At the end of the experiment (Day 295), columns were sacrificially sampled to 




2.3.4 Analytical Methods 
Porewater CB concentrations were analyzed by gas chromatography-mass 
spectrometry (GC-MS; Agilent 7090B–5977). A single-step, miniaturized “in-vial” liquid-
liquid extraction process was used to extract and analyze CBs directly in a single 1.5 mL 
autosample vial. CBs were quantitated between 0.05-10 mg/L. Benzene was analyzed 
separately by GC-MS using a purge and trap method described previously [20]. Ion 
chromatography (Thermo Fisher Dionex ICS-2100) was utilized to measure inorganic 
anions chloride, sulfate, and bromide, as well as organic acids from filtered aqueous 
samples. Anions were quantitated between 0.1-20 mg/L for inorganic anions and 1-200 
µM for organic acids. Detailed descriptions of analyte extraction and chromatographic 
protocols are presented in Appendix A (Sections A.1.5-A.1.6).  
A fiber-optic luminescence-based meter (PreSens OXY1-SMA) and an in-line 
sensor (PreSens FTC-PSt3) were used to measure DO concentrations at the oxygenated 
side-stream injection port. Column flowrates were determined gravimetrically by 
collection of effluent over hour-long time intervals.  
2.3.5 Biodegradation Calculations 
Biodegradation activity at each timepoint was enumerated on the basis of reductive 
dechlorination and aerobic degradation using measured concentrations of influent (0% 
port) and effluent (100% port) CBs in the porewater (Figure A.2). Reductive dechlorination 
was estimated as the total number of dechlorinations, or expected equivalent chloride 
released, from 1,2,4-TCB in the influent on a molar basis (μmol/L). This was calculated 
according to Equation 2.1, where the fractional dechlorination of the effluent was 
multiplied by the total influent concentration. This calculation assumed dechlorination 
39 
 




(2 × MCB100 + ∑DCBs100)
∑CBs100
× ∑CBs0 
Aerobic CB degradation was quantified by the removal of all CB congeners from the 
column assuming no anaerobic mineralization occurred, as described in Equation 2.2. 
Since aerobic degradation occurred after the addition of the oxygen stream, all calculated 
extents and rates of removal were adjusted by the dilution factor (DF) described in Section 
2.3.1 to reflect the actual removal occurring in the aerobic zone.  
Equation 2.2 
Aerobic Degradation = (∑CBs0 ÷ 𝐷𝐹) − ∑CBs100 
Sample data from the last 15 days of each experimental phase, with the exception 
of shorter Phases 6 (5 days) and 7 (10 days), were used to estimate biodegradation 
characteristics for comparison of the experimental phases (Table 2.2). Rates of anaerobic 
dechlorination and anaerobic degradation were estimated based on degradation calculated 
in Equations 1 and 2 divided by the hydraulic retention times (HRT) of each respective 
redox zone (Table 2.1). A comprehensive quantitative summary of all calculated values 
and associated equations is presented in Appendix A (Table A.1).  
2.3.6 Microbial Community Analysis 
DNA was extracted from 0.5 g wet subsamples of each column segment using a 
MoBio PowerSoil® DNA extraction kit (Qiagen, Germantown, MD) following 
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manufacturer instructions and quantified using a Qubit® 3.0 fluorometer dsDNA high 
sensitivity assay kit (Thermo Fisher Scientific, Waltham, MA). Extracts were prepared for 
Illumina amplicon sequencing of the V4 region of 16S rRNA gene (primers U515 and 
E786) for bacteria and archaea [24]. Samples were sequenced by 300-base pair paired-end 
sequencing using an Illumina MiSeq sequencing platform (JHU Genetic Resources Core 
Facility, Baltimore, MD). Each column segment was extracted, quantified, and sequenced 
in duplicate. Sequencing data were processed using the qiime2 pipeline (v.2018.4.0) [25], 
and taxonomy was assigned using Greengenes 13_8 99% OTUs reference sequences [26]. 
Quantitative Polymerase Chain Reaction (qPCR) was used to quantify total microbial 16S 
rRNA gene copies using primers described by Puentes Jácome and Edwards (2017) [27].  
Concentrations were normalized to the mass of column segment sampled. Details of the 
downstream sequence analysis and qPCR method can be found in Appendix A (Sections 
A.1.7-A.1.8). Raw 16S reads for each analyzed sample have been uploaded to the National 
Center for Biotechnology Information (NCBI) Sequence Read Archive (SRA) under 
BioProject Accession ID PRJNA562559.
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(meq %) f / 
[mg CB/ mg 
DO] g 
1  
0.28 mM NaLac 5 
SSC 44.2 ± 13.6 14.7 ± 4.5 2.7%  13.1 ± 2.7 [47%] 11.3 ± 2.3 47.4% [0.41] 81% 
SC 9.4 ± 1.9 2.1 ± .4 0.6%  18.6 ± .5 [68%] 10.9 ± .3 62.3% [0.58] 50% 
           
2  
1.4 mM NaLac 4 
SSC 94.4 ± 6.2 31.3 ± 2.0 1.1%  1.9 ± 2.0 [5%] 1.7 ± 1.7 6.5% [0.05] 86% 
SC 86.9 ± 5.5 19.6 ± 1.2 1.0%  1.3 ± .4 [4%] 0.8 ± .3 4.5% [0.04] 95% 
           
3  
0.14 mM NaLac 4 
SSC 46.3 ± 3.7* 15.4 ± 1.2* 5.8%  5.7 ± 1.7 [31%] 4.9 ± 1.5 18.8% [0.15] 113% 
SC 0.7 ± 1.3 0.2 ± .3 0.1%  9.7 ± 1.4 [60%] 5.7 ± .8 27.6% [0.26] 112% 
           
4  
1.4 mM NaLac 5 
SSC 66.6 ± 3.2 22.1 ± 1.1 0.8%  2.3 ± 1.3 [8%] 1.9 ± 1.1 6.7% [0.05] 101% 
SC 52.5 ± 4.6 11.8 ± 1.0 0.6%  2.4 ± 1.0 [9%] 1.4 ± .6 7.0% [0.06] 105% 
           
5  
0.28 mM NaLac 6 
SSC 66.9 ± 2.1 22.2 ± .7 4.0%  10.0 ± 1.0 [31%] 8.7 ± .9 29.0% [0.24] 93% 
SC 34.4 ± 2.4 7.8 ± .5 2.1%  14.6 ± 1.1 [48%] 8.6 ± .7 40.0% [0.35] 99% 
           
6  
0.28 mM NaLac, 
(O2 Off) i 
4 
SSC 66.1 ± 3.3 21.9 ± 1.1 4.0%  0.6 ± .9 [0%] 0.6 ± .7 20.6% [0.17] 88% 
SC 27.8 ± 2.6 6.3 ± .6 1.7%  0.5 ± .5 [0%] 0.3 ± .3 14.0% [0.12] 100% 
7  
0.28 mM NaLac  5 
SSC 69.3 ± 1.7 23.0 ± .6 4.2%  11.6 ± 2.5 [40%] 10.0 ± 2.2 35.0% [0.29] 96% 
SC 23.6 ± 1.3 5.3 ± .3 1.4%  13.6 ± 1.6 [52%] 8.0 ± 1.0 37.7% [0.34] 86% 
a. Based on undiluted concentrations in column anaerobic zone 
b. Based on diluted concentrations in column aerobic zone 
c. Results presented as average ±1 SD 
d. Calculated as Degradation ÷ HRT of respective column and zone 
e. CB reductive dechlorination e- equivalent as a fraction of influent NaLac e- equivalent, assuming 2 e- per dechlorination and 12 e- per NaLac oxidized 
f. CB oxidation e- equivalent as a % of available O2 assuming 24 (TCB), 26 (DCB), and 28 (MCB) e- per CB oxidized and 4 e- per O2 reduced 
g. mg of equivalent influent 1,2,4-TCB degraded as a fraction of mg DO available in aerobic zone 
h. Measured Cl− change ÷ Apparent Cl loss (from CB measurements) 
i. Though O2 was purged from feed, some oxygen detected at column entrance resulting in low 0.7 mg/L DO at OAI 
* Effluent completely dechlorinated to MCB, indicating CB limitation
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2.4 Results and Discussion 
2.4.1 Sand and Sediment Column (SSC) Activity 
SSC was designed to reflect conditions similar to the SCD wetland, using sterilized 
sediment from SCD. Due to the high silt and clay content, sediment was mixed with filter 
sand to facilitate more uniform flow characteristics. This column was directly inoculated 
with enrichments into each redox zone to initially stratify microbial communities along the 
OAI.  
After inoculation at Day 0, both anaerobic and aerobic biodegradation pathways 
were immediately apparent in SSC (Figure 2.2). At the initial 0.28 mM NaLac dose (Phase 
1), degradation activity stabilized to approximately 44.2±13.6 µM reductive dechlorination 
and 13.1±2.7µM aerobic degradation (47% removal), resulting in an effluent mix of DCB 
and MCB congeners. Vertical sampling showed that degradation pathways were spatially 
separated along the OAI, with reductive dechlorination exclusive to the anaerobic zone and 
aerobic degradation to the aerobic zone of the column (Figure 2.3a). Sulfate transformation 
also reflected the two distinct redox zones. In the anaerobic zone sulfate reduction co-
occurred with CB dechlorination, and in the aerobic zone re-oxidation of reduced sulfur 
co-occurred with CB oxidation (Figure 2.3a).  
Increasing the NaLac amendment to 1.4 mM (Phase 2) caused a rapid enhancement 
of reductive dechlorination, more than doubling the extent of reductive dechlorination rate 
to 94.4±6.2 µM. However, the extent of aerobic degradation decreased nearly tenfold to 
1.9±2.0 µM (5% removal); nearly all 1,2,4-TCB mass entering the system was conserved 
as reduced MCB (Figure 2.3b). This five-fold increase in NaLac increased the share of 




the estimated dechlorination activity was likely an underestimate of the total dechlorination 
capacity (Table 2.2). Nevertheless, high reductive dechlorination persisted through the 
entire 75-day operating period of Phase 3 at a rate equal to that of Phase 1, suggesting that 
the dechlorinating population acclimated over time to better utilize electron donor. Aerobic 
degradation slowly recovered over a 30-day period before stabilizing at 5.7±1.7 µM (31% 
removal) (Figure 2.2c). This was less than half the extent observed in Phase 1, which was 
unexpected since less NaLac would be expected to lower the amount of residual O2 demand 
in the aerobic zone. The decreased aerobic degradation with decreased electron donor in 
Phase 3 may have been related to a change in the sulfur oxidation dynamics in the column. 
Sulfate reduction was suppressed in the anaerobic zone and effluent sulfate concentrations 
were greater than influent concentrations (Figure 2.3c), suggesting transient oxidation of 
previously immobilized reduced sulfide species. Although sulfides weren’t measured 
directly here, the column matrix darkened over time, a visual indicator that a sink of 
precipitated sulfide compounds such as iron sulfide were retained throughout the column. 
Conservatively, the difference in average sulfate change in Phase 3 (+28 µM) compared to 
Phase 1 (-12 µM) (Table A.1) would indicate an increased theoretical oxygen demand of 
0.32 meq (assuming S- oxidized to SO42-), or 37.6% of total available oxygen (SI 
Calculation S2m). These results highlight that even in low sulfate systems, accumulation 
of reduced sulfur over time can exert substantial oxygen demand on aerobic pathways 
downgradient as it is re-oxidized to sulfate.    
Re-amending 1.4 mM (Phase 4) and 0.28 mM NaLac (Phase 5) had similar effects 
seen previously in Phase 2 and 1 respectively (Table 2.2), indicating changes in organic 
carbon dosage did not permanently disrupt degradation functionality. In Phase 6, O2 was 
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purged from the side-stream so the entire column was made anaerobic. No change in 
reductive dechlorination was observed. However, aerobic CB degradation and sulfide 
oxidation ceased (Figure 2.2c), with a vertical profile nearly identical to the high 1.4 mM 
NaLac inputs (Figure 2.3d). This phase provided definitive evidence that complete 
degradation was an oxygen-dependent process, and not an anaerobic process or artifact of 
dilution. The oxygen stream was restored to the column in Phase 7 after seven days of 
anoxia. Aerobic CB degradation was re-established within the first day of sampling and 
stabilized at levels observed prior to anoxia (Figure 2.2c).  
2.4.2 Sand Column (SC) Activity 
SC was designed to test the microbial colonization and biodegradation potential on 
an inert matrix without the influence of site sediment. Like SSC, degradation activity was 
split across the OAI (Figure 2.4a). Unlike SSC, this split was definitively a result of 
differences in redox zone as opposed to possibly being a result of the split inoculation. 
Despite these differences, overall degradation patterns in SC in response to NaLac dose 
were similar to SSC (Figure 2.2). In general, the extent of aerobic degradation was higher 
in SC than SSC. Anaerobic sulfate reduction and aerobic sulfur oxidation were both 
observed (Figure 2.4) across the OAI; however, the degree of sulfate reduction was 
consistently lower in SC compared to SSC (Table A.1). Anaerobic reductive dechlorination 
activity was lower in SC compared to SSC and showed a comparatively lower electron 
donor utilization, especially at 0.14 and 0.28 mM NaLac doses (Table 2.2). These 
differences may be attributed to the absence of sediment in SC compared to SSC; sediment 
has been shown to provide a superior surface for microbial attachment to sand [28] and 
may have contained additional unquantified bioavailable reductants and nutrients favoring 
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reductive processes [29]. However, the columns also had differing inoculation schemes, 
which could have played another important but confounding role in establishing microbial 
functionality (discussed in Section 3.4).  
Activity during the 0.14 mM NaLac input in Phase 3 was notable. After previous 
inhibition at 1.4 mM, aerobic degradation was immediately re-established, more quickly 
than in SSC (Figure 2.2c). For the first 20 days of this phase (78 pore volumes), reductive 
dechlorination activity persisted to a similar extent as SSC (Figure 2.2b). Afterwards, 
dechlorination activity as well as sulfate reduction ceased (Figure 2.4c), indicating that the 
0.14 mM NaLac dose was inadequate to support long-term degradation in the sand matrix. 
Dechlorination activity may have been temporarily sustained by a slow decay of excess 
attached biomass developed during the previous high NaLac dose, which has been 
demonstrated by others previously [30, 31]. Despite the lack of measured anaerobic 
activity, TCB degradation and sulfur oxidation were still observed in the aerobic zone 
(Figure 2.4c). As with SSC, effluent sulfate concentrations also increased in this phase, 
indicating a transient oxidation of retained sulfides that may have outcompeted aerobic CB 
degradation for DO (Table 2.2).  
After re-amending SC with 1.4 mM NaLac in Phase 5, reductive dechlorination 
activity in SC resumed (Figure 2.2b). Degradation activity followed similar trends in 
Phases 5-8 as described above for SSC (Figure 2.2). There was, however, a gradual but 
significant decrease in reductive dechlorination activity between Phases 5-6 (p =.0031, 
Welch’s 1-tailed t-test) and 6-7 (p=.020) through the end of the experiment (Figure 2.2b). 
This would suggest that dechlorination in SC may not have been sustainable at low NaLac 




above the CB detection limit, indicating dechlorination effectively stalled at MCB. 
Dechlorination activity in both columns was positively correlated with NaLac dose.  The 
highest rates of dechlorination, at 1.4 mM NaLac, were estimated to be approximately 
31.3±2.0 µM/hr in SSC and 19.6±1.2 µM/hr in SC. These rates were over an order of 
magnitude higher than TCB dechlorination rates reported from prior studies by others in 
column [32] and batch systems [27]. When dechlorination activity was present, electron 
donor utilization was low and decreased with increasing NaLac dose. Donor utilization 
varied from 0.6% at 1.4 mM to 5.8% at 0.14 mM, consistent with other reported values 
from lactate-amended dechlorinating column studies: 0.2% at 20 mM NaLac [33] and 6.5% 
at 0.68 mM NaLac [34].  
Aerobic CB degradation was consistently highest at 0.28 mM NaLac, where effects 
of excess electron donor and competitive sulfur oxidation were minimal. Here, maximum 
observed aerobic degradation rates were 11.3±2.3 µM/hr in SSC and 10.9±.3 µM/hr in SC. 
These rates were nearly an order of magnitude lower than rates measured by Kurt et al. in 
a different column system simulating a sediment-water interface [16]; however oxygen 
limitation and upgradient reduction processes, which limited apparent rates here, were 
excluded in that study. Oxygen utilization for CB degradation varied from 0.04 mg TCB 
degraded per mg O2 consumed at 1.4 mM to 0.58 mg TCB/mg O2 at 0.28 mM NaLac. 
Complete summaries of CB degradation in each phase are presented in Table 2.2. 
A key question this experiment addressed was what effect the coupling of anaerobic 
reductive dechlorination to aerobic degradation would have on overall CB degradation. 
Since complete anaerobic dechlorination and mineralization were not observed here, the 
only path to mineralization was through the aerobic pathway. Although MCB, DCBs, and 
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TCBs are all aerobically degradable, some bioremediation studies have found that lower 
CBs degraded at significantly faster rates than 1,2,4-TCB [35, 36]. This would suggest that 
an initial dechlorination step could enhance the overall rates and extents of aerobic 
mineralization.  
In Phase 3 of this experiment, we observed two very different reductive 
dechlorination outcomes between columns. In SSC, nearly all CBs entering the aerobic 
zone were dechlorinated to MCB and 1,2- and 1,4-DCB (Figure 2.3c). In SC, no 
dechlorination occurred, leaving only 1,2,4-TCB (Figure 2.4c). In both cases, however, 
significant aerobic degradation occurred (Table 2.2). Additionally, in the vertical column 
profiles, it can be seen qualitatively that all CB congeners show a concentration decrease 
within the aerobic zone (Figure 2.3a, c; Figure 2.4a, c). This would imply that all CB 
congeners were subject to aerobic biodegradation.   
 To test this observation more rigorously, we compared the measured aerobic 
degradation of each congener to the change in relative abundance of that congener 
(Equation 2.3) across the aerobic zone at each vertical sample timepoint to determine 
whether certain congeners degraded at a greater extent compared to others (Figure A.3).  
Equation 2.3 







On average, the change in any individual congener abundance was 2% or less (Table A.2). 
Between MCB, total DCBs, and 1,2,4-TCB there was no statistically significant change 
(p>.05) in congener distribution. Thus, there was no apparent preferential degradation 
based on degree of congener chlorination during aerobic degradation. There was a 
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significant preference for 1,2- and 1,4- DCB over 1,3- DCB (p<.05), however the small 
effect size (<2.8%), small samples size (n=37), and low amount of 1,2-DCB present adds 
uncertainty to these results (Table A.2). This is in agreement with previous work by Sander 
et al. [37] showing highly similar oxygen uptake and mineralization rates between MCB, 
DCBs, and 1,2,4-TCB with pure cultures of Ralstonia sp. strain PS12 and Burkholderia sp. 
strain PS14. There is no consensus in the literature on preferential degradation rates of 1-3 
CBs, and degradation capacity has shown to be highly dependent on factors such as 
geochemical conditions, substrate acclimation, and microbial strain [35, 37-39].  Although 
not explicitly tested, our experimental results demonstrated 1,2,4-TCB and all reduced 
daughter congeners seemingly degraded at a similar rate aerobically. Further, there was no 
significant correlation between the degree of CB chlorination and the extent of aerobic 
degradation from effluent column samples (Figure A.4). Based on these results, initial 
reductive dechlorination of 1,2,4-TCB did not appear to benefit subsequent aerobic 
degradation.  
 Even if aerobic CB degradation is congener-independent for lower CBs, reductive 
dechlorination of lower CBs may have potential benefits for site remediation, provided 
dechlorination stalls at MCB. Having less sorption potential to sediments and greater 
aqueous solubility, less chlorinated CBs are more environmental mobile and may be 
flushed from the subsurface more quickly than more chlorinated CBs. Yang and McCarty, 
for example, demonstrated a 3-fold increase in PCE DNAPL dissolution as a result of 
reductive dechlorination [40]. Limited ecotoxicity studies have found that MCB is 
significantly less toxic than DCBs and TCB to Pseudomonas fluorescens [41], Daphnia, 
and salmon [42]. However, this detoxification effect must be weighed against potentially 
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higher dissolved concentrations of the dechlorinated congeners mobilized in the aqueous 
phase.  
2.4.4 Microbial Community Analysis 
2.4.4.1 Inocula Composition 
Sequenced SSC inocula revealed distinct mixed communities. The anaerobic, 
WBC-2-derived subculture consisted primarily of classes containing obligate anaerobes: 
Clostridia (50.5% relative abundance), Bacteroidia (14.2%), Methanomicrobia (8.3%), 
Methanobacteria (7.6%), Thermotogaea (3.5%), and Anaerolineae (3.1%) (Figure 2.5a). 
Among the community, three known OHRB genera [43, 44] were identified: Dehalobacter 
(1.3%), Dehalogenimonas (0.2%), and Dehalococcoides (0.05%). There was a substantial 
shift in abundances of OHRB from the sequenced parent WBC-2 culture, which consisted 
primarily of Dehalococcoides (8.8%) and Dehalogenimonas (8.7%), but only a small 
fraction of Dehalobacter (0.012%). This suggests 1,2,4-TCB dechlorination favored 
Dehalobacter enrichment over other OHRB; a similar shift was observed by others in 
chloroethene enrichment KB-1 when substrate was changed to 1,2,4-TCB [27]. The 
aerobic inoculum was dominated by Betaproteobacteria (89.3%) and Saprospirae (10.1%). 
Two genera associated with aerobic CB degradation [45] were highly abundant: Pandoraea 
(19.5%) and Burkholderia (7.2%), both in the Burkholderiaceae family. Full class- and 




in Figure 2.5a. Segments 1-4 of SSC, inoculated exclusively with the anaerobic WBC-2 
subculture, contained high abundances of Clostridia with lower abundances of Bacteroidia, 
Gammaproteobacteria, Deltaproteobacteria, and others present. Clostridia, which was the 
largest class in the inoculum culture, persisted as the dominant class within these sections. 
Li et al. (2013) also found considerable abundances of both Clostridia (32%) and 
Deltaproteobacteria (33%) in the bottom of a lactate-fed pentachlorophenol (PCP) 
dechlorinating column inoculated with an anaerobic Clostridia-dominated enrichment [33]. 
Segments 5-8 of SSC, inoculated first with the anaerobic inoculum and then the aerobic 
inoculum, consisted primarily of Betaproteobacteria, which also dominated the aerobic 
inoculum. Interestingly, SC, which was exposed to the entire effluent of SSC, was 
dominated by Betaproteobacteria throughout the entire column length and more closely 
resembled the aerobic SSC inoculum than the anaerobic. In the transition from the 
anaerobic zone (segments 1-5) to aerobic zone (6-8), both columns showed decreasing 
Clostridia, Gammaproteobacteria, Bacteroidia, and Anaerolineae abundances and 
increasing Alphaproteobacteria abundances (Figure 2.5a).  
A principal coordinate analysis of each segment illustrated structural changes 
within columns (Figure 2.5b). SSC experienced significant clustering between segments 1-
4 and 5-8 (p=.0006, R2=.28, Adonis PERMANOVA analysis, 10,000 permutations), 
reflective of its split inoculation. Segments 6-8 were also significantly different from 
segment 5 (p=.036, R2=.53), indicating a sharp community shift across the OAI between 
segments 5-6. In contrast, SC did not have any statistically significant shifts between 
column segments. Qualitatively, SC segments 1-6 were closely clustered on the ordination 
plot while segment 7 and 8 samples diverged from this group (Figure 2.5b). The scatter 
54 
 
between segment 7 and 8 replicates suggests these communities were more spatially 
heterogeneous than those in segments 1-6. These observations suggest a more gradual 
community shift occurred along the entire length of the SC aerobic zone compared to that 
of SSC. 
In SSC, total 16S counts were fairly evenly distributed along column length. 
Abundances spiked at segments 1 and 6, corresponding to influent sources of NaLac and 
O2 respectively, before diminishing in subsequent samples (Figure 2.6a). In SC, total 16S 
counts were greatest at segment 1 before dropping drastically (Figure 2.6b). After the 
addition of O2 in the aerobic zone, concentrations gradually increased through segment 8. 
These distributions were also reflected in total DNA and bulk protein concentrations 
measured (Figure A.6). The profiles suggest electron donor was more quickly depleted in 
the SC anaerobic zone than SSC, while oxygen was more immediately depleted in the SSC 
aerobic zone than SC. 
2.4.4.3 Distribution of Functional Genera 
Over 139 and 107 unique genera were identified in the SSC and SC column 
segments, respectively. Dehalobacter, Clostridium, Pseudomonas, Thiobacillus, 
Rhodocyclus, Zoogloea, and Geobacter were all found in at least 10% abundance in SSC 
segments. Sediminibacterium, Comamonas, Rhodocyclus, Pseudomonas, Thiobacillus, 
Zoogloea, an unspecified Sphingomonadaceae genus, and an unspecified 
Comamonadaceae genus were at least 10% abundant in SC. A full column genus profile 
can be found in Figure A.7. At the genus-level, the functional potential of most of the 
dominant organisms was not apparent. Some genera such as Pseudomonas and Geobacter 
are metabolic generalists known to cycle a wide range of electron donors and acceptors; 
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however, functionality can be highly strain- and environment- dependent, beyond the 
resolution of short-read 16S sequencing [46, 47]. However, we were able to identify several 
genera of interest that were at least 1% abundant and are broadly implicated in either CB 
degradation or specific redox cycling.  
Dehalobacter (Clostridia) was the only OHRB identified in either column and was 
the presumed CB dechlorinator. Sulfate reducing bacteria (SRB) Desulfosporosinus 
(Clostridia) [48] and methanogen Methanosarcina (Methanomicrobia) [49] were also 
identified. All three of these obligate anaerobes were much more abundant in SSC 
compared to SC. Chemolithotrophic sulfur-oxidizer Thiobacillus (Betaproteobacteria) [50] 
was prominently abundant in both columns. Several Proteobacteria groups implicated as 
aerobic CB degraders by others were also abundant in both columns, including Pandoraea 
(Betaproteobacteria), Xanthobacter (Alphaproteobacteria), and an unspecified 
Sphingomonadaceae genus (Alphaproteobacteria) [7, 45]. Except for Dehalobacter and 
Pandoraea, the described functional genera were present in inoculum cultures at 
abundances less than 0.04%, indicating that enrichment and species succession occurred 
along the column biofilm during operation.  
The absolute abundances of potentially functionally-relevant genera along the 
vertical column profiles were estimated by multiplying total 16S copy numbers from qPCR 
by relative abundances from sequencing (Figure 2.6a, b). Although 16S copy numbers vary 
taxonomically and PCR amplification biases exist [51], we considered the log-scale 





Methanosarcina abundances suggests methanogenesis was another prevalent anaerobic 
pathway in this column. Across the OAI, sulfur oxidation and CB oxidation (Figure 2.6c) 
co-occurred with peak abundances of the aerobic organisms in segments 5-8 (Figure 2.6a).  
In SC, the previously identified functional anaerobes were over 2-log less abundant 
than total 16S copy numbers and thus accounted for a small fraction of the total community 
(Figure 2.6b). These organisms’ abundance quickly dropped after segment 1, suggesting 
the majority of reduction processes occurred close to the column influent. Indeed, nearly 
all reductive dechlorination and sulfate reduction occurred within the first 25% of column 
length (Figure 2.6b). Interestingly, elevated abundances of Thiobacillus and 
Sphingomonadaceae were also present in segment 1. This could be a result of ongoing 
sulfur oxidization coupled to iron reduction [50] or potentially minor oxygen 
contamination since most Sphingomonadaceae species are obligate aerobes. Abundances 
were low and stable through the remainder of the anaerobic zone. Within the aerobic zone, 
Thiobacillus populations peaked at segment 6, while Xanthobacter and 
Sphingomonadaceae abundances continued to increase through segment 8. While peak 
abundances generally aligned with the observed chemical oxidations in the aerobic zone 
(Figure 2.6d), the resolution of chemical sampling was too coarse to determine whether 
greater CB degradation occurred at the end of the aerobic zone.  
Dehalobacter enrichment in the bottom segments of SSC was unexpectedly high 
(26.2-50.9%) compared to the lower (<1.2%) abundances in SC (Figure 2.6a-b). In 
comparison, Dehalobacter abundances in CB-degrading cultures have been reported from 
less than 0.1% in site sediment microcosms [10] up to approximately 25% in sequentially 
enriched fed-batch microcosms [27]. Though limited column data is available, Li et al. 
58 
 
(2013) reported up to 2.4% biofilm enrichment in a PCP-dechlorinating column packed 
with sediment and glass [33]. We posit that the combination of shorter HRT and addition 
of sediment may have selectively enriched Dehalobacter in SSC. Decreasing the HRT in 
a chloroethene-dechlorinating CSTR was found to decrease H2 concentrations, making 
OHRB metabolism more thermodynamically favorable than that of acetogens, 
methanogens, and SRB [52]. Cápiro et al. [28] found 2-fold lower interaction energy 
barriers and greater attachment rates for PCE dechlorinators to soil compared to fine sand. 
Although the causes of differences in SSC and SC cannot be determined directly from this 
study, the order of magnitude difference in population helps to explain the differences in 
activity observed throughout the time-series. SSC consistently demonstrated greater 
degrees of CB dechlorination (Figure 2.2b) and sulfate reduction (Table A.1) than SC, 
corresponding to more highly enriched Dehalobacter and Desulfosporosinus. Conversely, 
the extent of aerobic CB degradation was generally greater in SC (Figure 2.2c), which 
corresponded to the Sphingomonadaceae genus being more highly enriched in SC than any 
potential aerobic degraders in SSC.  
Few other studies, to our knowledge, have carefully profiled the attached microbial 
communities in stratified systems actively degrading halogenated organic compounds [33, 
53]. Liquid samples have more frequently been analyzed due to the ease of producing and 
collecting representative samples, however they do not always correlate well with total 
bacteria abundances in the subsurface [28]. In our experiment, column porewater at the 
time of sampling was dominated by Pseudomonas in SSC (81.1%) and Comamonas in SC 
(81.5%) (Figure A.7a). Based on relative abundance, dominant and functionally relevant 
genera from the column matrices were underrepresented in porewater by nearly a 3-log 
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difference, and some organisms were not even detected in the porewater (Table 2.2). 
Notably, putative CB degraders Dehalobacter and Sphingomonadaceae were 
underrepresented by 2.4-log in SSC and 2.8-log in SC respectively (Table 2.2). 
Additionally, solid-phase sampling captured much of the spatial nuances across the OAI 
that would have been difficult to detect solely with porewater sampling.  
Profiles here provided a detailed description of changing CB-degrading community 
and key functional populations across an OAI. They also demonstrated a simple method to 
potentially interrogate other functional communities in steady-state at OAIs as a 
compliment to chemical data. In this experiment, the functional roles of organisms 
classified at genus and higher taxonomic levels often could not be determined. Most redox 
functionality is distributed among wide groups of taxonomically-unrelated organisms, with 
OHRB and methanogens notable exceptions [49, 54]. As a result, much of this 
taxonomically-rich dataset is uninterpretable from a functional perspective a priori. Even 
if functional potential of organisms is known with certainty, cell counts alone have been 
found to be poor quantitative predictors of biogeochemical fluxes in a system; intrinsic 
cellular regulation and environmental factors can have an even greater influence on 
biochemical activity [55]. As the cost of sequencing continues to decrease, employing a 
combination of shotgun metagenomics to qualitatively identify and annotate conserved 
functional genes and qPCR to quantitate them may be a more effective strategy to assess 
community function and quantitatively predict contaminant degradation.  
2.4.5 Practical Implications 
This proof-of-concept study demonstrated substantial and sustained degradation of 
dissolved CBs at OAIs in both site-relevant sediment (SSC) and a clean sand bed (SC) 
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matrices. Our results showed a range of potential degradation outcomes that could be 
reasonably expected at shallow contaminated sites contaminated with concentrations of 
CBs in the micromolar range. Under lower NaLac concentrations of 0.14-0.28 mM 
(equivalent to 5-10 mg/L DOC), substantial aerobic degradation of up to 3.5 mg/L 1,2,4-
TCB was observed, implying a treatment capacity of 1.1 g/m2-d (based on the experimental 
column cross-sectional area). However, under a higher NaLac concentration of 1.4 mM 
(50 mg/L DOC), aerobic degradation activity was inhibited, instead favoring substantial 
reductive dechlorination to DCBs and MCBs. This narrow window in which DOC dose 
expended available DO shows that aerobic degradation may not be viable at sites with 
modest concentrations of dissolved or sediment-bound organic carbon. Atashgahi et al. 
[56] found similar effects in hyporheic-zone sediments, where TOC concentrations as low 
as 7.3 mg/g inhibited aerobic degradation and facilitate reductive dechlorination in an 
aerobic environment. Additionally, the DO supplied to the columns (7.0 mg/L) approached 
the best-case air-saturated concentrations that could be expected in naturally aerated 
porewater (9.1 mg/L at 20 °C). Based on the maximum observed oxygen utilization in this 
experiment (0.58 mg TCB/mg O2), it is apparent that natural aerobic degradation alone 
may not be a viable for remediation of sites with porewater CB concentrations greater than 
several mg/L.  
In areas with high organic carbon and/or CB flux, alternative strategies should be 
considered to manage contamination. Wetland plants have been shown to significantly 
enhance aerobic CB degradation in constructed wetland studies, increasing oxygen flux 
through root zone oxygenation and enhanced diurnal water table fluctuation [57, 58]. 
Though they were not considered in this model, plants may already be prevalent at sites – 
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especially wetlands; additional planting could potentially aerate previously anoxic 
sediments. Sediment amendment with activated carbon has proven an effective means to 
immobilize hydrophobic organic contaminants and facilitate slow aerobic degradation over 
time, effectively stabilizing differences in oxygen supply and demand [59-61]. 
Additionally, amendment of solid-phase oxygen-releasing compounds has also shown 
effectiveness in enhancing aerobic degradation [62, 63]. Finally, future consideration 
should be given to the possibility of complete anaerobic mineralization at sites. Our study 
demonstrated that OHRB such as Dehalobacter could be sustained in high abundances, 
especially in sediment matrices. Though dechlorination stalled at MCB, recent studies have 
begun to identify the factors and OHRB strains implicated in complete reduction to 
benzene and subsequent anaerobic mineralization [9-11, 27]. In the future, development of 
a highly efficient MCB-dechlorinating and benzene-oxidizing bioaugmentation culture 
may potentially facilitate oxygen-independent site treatment of CBs.   
In this experiment, we assumed steady fluxes of contaminants and available 
oxygen, when these are often temporally and spatially heterogeneous in the field [20]. 
Degradation activity may therefore be quite transient. By cycling through long periods of 
alternative redox conditions, our study did demonstrate that temporary inhibition of 
degradation did not permanently alter the microbial community’s capacity to degrade CBs 
in the long-term, even on inert sand matrices (SC). This positively reflects on the potential 
for bioaugmented degraders to persist in the OAI. However, since conditions were still 
controlled in the lab, validation in the field, especially in the presence of native microbial 
communities, is warranted. In conjunction with this study, a pilot-scale bioaugmented 
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reactive barrier is currently being tested at SCD to assess anaerobic and aerobic CB 
degradation in situ.  
2.5 Conclusions  
• The model dual-stream column system provided an effective method to carefully 
measure anaerobic-aerobic processes under stable conditions. Mass balance of CB 
degradation was approximately 86%-113% through the majority of the experiment.   
• Anaerobic reductive dechlorination and aerobic degradation of 1,2,4-TCB occurred 
sequentially across the simulated OAI. Reductive dechlorination of 1,2,4-TCB stalled 
at MCB. CB destruction only occurred through aerobic degradation, which occurred 
for 1,2,4-TCB and all daughter DCB and MCB daughter products. Initial reductive 
dechlorination did not appear to enhance subsequent aerobic degradation rates in this 
system.  
• Degradation outcomes varied with NaLac loading. Observations included reductive 
dechlorination inhibition at 0.14 mM NaLac, mixed degradation pathways at 0.28 
mM, and aerobic degradation inhibition at 1.4 mM. This demonstrated a narrow and 
sensitive window in which degradation along the OAI was affected.  
• Maximum observed aerobic CB removal was low – approximately 19 µM (3.5 mg/L) 
degraded with oxygen utilization of 0.58 mg TCB/mg O2. This suggests natural 
conditions may not facilitate adequate CB mineralization in highly contaminated 
water when DO is limiting.  
• SSC supported high levels of reductive dechlorination across all tested NaLac doses 
(0.14-1.4 mM). It also supported very high enrichment of OHRB Dehalobacter up to 
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4×108 copies/g (50.9% relative abundance), which likely thrived on the sediment 
matrix. 
• Prominent functional genera (CB degraders, sulfur cyclers, methanogens) showed 
clear stratification across the OAI, correlating with observed CB degradation and 
sulfur cycling. Similar shifts in microbial communities occurred in both columns, 
despite having different initial community structures.  
• Both CB degradation pathways were resilient and remained active through the end of 
the 295-day experiment. Similar outcomes occurred in different columns packed with 
site sediments (SSC) and an inert sand (SC). Results here show that substantial 
anaerobic and aerobic CB degradation could occur naturally in shallow site sediments 
under optimal conditions. 
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Under baseline column conditions, reductive dechlorination and aerobic CB 
activity remained stable. An unexplained shift in microbial activity at the end of the 
experiment led to substantial methanogenesis and increased reductive dechlorination, but 
showed minimal effect on aerobic degradation. Increasing sulfate-reducing conditions 
were detrimental to both anaerobic and aerobic CB transformations; pathways reached near 
complete inhibition at a 10 mM dose. CB reductive dechlorination appeared to be 
negatively impacted by increased competition for electron donor by sulfate and aerobic CB 
oxidation by competition for oxygen by re-oxidation of reduced sulfur. Increasing nitrate-
reducing conditions were also detrimental to reductive dechlorination, with nitrate 
outcompeting other electron acceptors for electron donor. Increasing nitrate dose led to 
greater aerobic CB degradation. Under nitrate excess (2.5 mM), 96% of all influent 1,2,4-
TCB (4.8 mg/L) was degraded aerobically, a 270% increase from baseline degradation. 
Nitrate reduction served as a permeant sink for electron donor, decreasing the oxygen 
demand from competing reduced substrates and leaving more oxygen available for aerobic 
CB oxidation. Using 16S rRNA sequencing of column porewater and biofilm samples, 
genera associated with redox cycling were identified; their spatial and temporal changes in 
abundance were in agreement with observed geochemistry and degradation measurements. 
Results from this experiment emphasized the complex role of alternative electron acceptors 
in CB biodegradation at OAIs. While sulfate-reducing conditions present challenges to CB 
degradation, nitrate demonstrates great potential as an amendment to conserve limited 




Oxic-anoxic interfaces (OAIs) contain gradients in electron donor and electron 
acceptor (oxygen) controlled by mass transfer and reactive utilization. Oxygen, which is 
abundant in the atmosphere, is soluble only to low millimolar concentrations in saturated 
groundwater. In areas with modest dissolved organic carbon, such as wetlands, oxygen 
concentrations can be quickly depleted by microbial growth at depths as low as several 
millimeters [1]. At greater depths where anoxic conditions exist, microbial communities 
are adapted to use a variety of alternative metabolic processes to support growth. 
Hydrolysis and fermentation of organic matter as well as autotrophic reduction of CO2 
produce a variety of reduced substrates such as hydrogen, methane and volatile fatty acids. 
Exogenous electron acceptors such as nitrate, ferric iron, and sulfate can facilitate oxidation 
of these reduced substrates, and potentially become electron donors themselves (e.g. 
ferrous iron, sulfide) [2]. Consequently, oxidation of a single substrate upgradient can lead 
to a complex series of redox processes downgradient in a subsurface system. 
 Nitrate is a prominent nutrient and electron acceptor in groundwater [3]. Baseline 
concentrations in natural subsurface tend to be low (< 2 mg/L NO3--N); however, human 
impacts on the landscape from agriculture, sewage and septic leaks, landfill leachate, and 
industrial spills often lead to much higher concentrations [3, 4]. A USGS survey of over 
120,000 groundwater wells found that 13.2% had NO3--N concentrations between 3.1-10 
mg/L (0.2-0.7 mM) and 6.4% above 10 mg/L (0.7 mM) [5]. Biological nitrate reduction 
has a similar reduction potential to oxygen, which leads to high growth yields when used 
as an electron acceptor compared to other anaerobic substrates [6]. Dissimilatory reduction 
typically occurs in a multi-step process with intermediates nitrite (NO2-), nitric oxide (NO), 
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and nitrous oxide (N2O) before reduction to N2 gas; additionally, dissimilatory nitrate 
reduction to ammonia (DNRA) can also occur [7]. Due to its high aqueous solubility at 
ambient temperatures (>900 mg/L) compared to oxygen (8-10 mg/L), nitrate has also been 
utilized as a groundwater amendment to oxidize a variety of contaminants such as BTEX 
and ethanol [8-10]. 
  Sulfate is a prevalent anion in many groundwater systems, resulting from 
atmospheric deposition, mineral dissolution, and mineral oxidation, and anthropogenic 
activity. Groundwater concentrations can vary significantly, with concentrations from non-
detect up to 3 g/L (31 mM) reported at contaminated sites [11, 12]. Biological sulfate 
reduction leads to the production of sulfides, which can exist as dissolved HS- at neutral 
conditions, H2S at acidic conditions, and as precipitated metal sulfides in the presence of 
reactive metals such as iron [12]. Sulfate reduction is much less energetically favorable 
than either nitrate or oxygen reduction, with a negative redox potential closer to that of 
methanogenesis [13]. Sulfides also highly susceptible to biological sulfur oxidation, 
leading to complete oxidation back to sulfate or as intermediates such as molecular sulfur 
or thiosulfate [12]. Sulfate is a regulated secondary drinking water contaminant with a 
maximum contaminant level (MCL) of 250 mg/L (2.6 mM).  
Biodegradation of hydrophobic organic compounds released into groundwater is 
greatly influenced by the prevailing subsurface biogeochemistry. Chlorobenzenes (CBs) 
with 1-4 attached chlorines can transform both anaerobically through reductive 
dechlorination and aerobically through oxidative pathways [14, 15]. Anaerobically, 
organohalide reducing bacteria (OHRB) must compete for electron donor, H2, with other 
organisms that use competing electron acceptors including nitrate, ferric iron, sulfate, and 
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CO2 [16]. Typically, only a small fraction of donor is utilized for reductive dechlorination 
in these complex systems [11]. Reductive dechlorination has been typically found to be 
inhibited under nitrate-reducing conditions through a combination of competition for H2 
and toxicity from nitrate reduction intermediates N2O and NO [17, 18]. Reductive 
dechlorination has been found to co-occur frequently under sulfate-reducing conditions, 
but also with reported inhibition and lag [11, 17, 19, 20].  
Oxidation of CBs is only known to occur through oxygen-mediated pathways, 
despite studies investigating the possibility of oxidation coupled to nitrate and sulfate 
reduction [21]. At OAIs, oxidative pathways are often limited by the availability of 
dissolved oxygen available to organisms [21, 22]. Common reduced groundwater species 
(organic acids, methane, sulfide) can negatively impact aerobic contaminant degradation 
by creating additional oxygen demand. Atashagahi et al. (2013), for example, found that 
elevated sediment-bound organic carbon inhibited vinyl chloride oxidation in microcosms 
under bulk aerobic conditions [23]. Reduced sulfides, resulting from sulfate oxidation, 
have been reported to account for up to 50% of oxygen demand in some marine sediments 
[1, 24]. For aerobic biodegradation treatments, some authors have noted potential 
beneficial use of nitrate as an alternative electron acceptor to decrease oxygen demand 
from these other non-contaminant substrates [21, 25].  
At sites containing OAIs, such as wetlands and hyporheic zones, contaminated 
water can contain a variety of different redox conditions over relatively short flowpaths. 
From our previous work (Chapter 2) and fieldwork by others, CBs have been shown to 
transform anaerobically and aerobically at model and site OAIs either sequentially or 
concurrently [26, 27]. While limited aforementioned work has described effects of 
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alternative electron acceptors on either aerobic or reductive dechlorinating CB pathways, 
to our knowledge the effects on both pathways within a single system have been untested.  
This study aimed to fill the knowledge gap by testing the effects of various nitrate- and 
sulfate-reducing conditions on sequential CB degradation pathways occurring at a model 
OAI. We hypothesized that elevated sulfate would be detrimental to both CB degradation 
pathways, serving a re-oxidizable sink for both electron donor and acceptor. We also 
hypothesized that nitrate would benefit aerobic CB degradation by decreasing oxygen 
demand from competing substrates. Using model column systems developed in Chapter 2, 
we tested various doses of nitrate and sulfate in parallel to evaluate changes in 
biodegradation performance and explore how prevailing redox processes and their 
associated microbial communities shift over time. 
3.3 Materials and Methods 
3.3.1 Column Design and Setup 
Four columns were packed with rinsed and autoclaved medium-grain filter sand 
(0.55-0.65 µm) using the same multi-port column system described in Chapter 2. Columns 
were fed by peristaltic pump in an upflow direction. Simulated groundwater consisted of 
the same phosphate-buffered anaerobic media described in Chapter 2 with slight 
modifications. The base mineral media contained 0.32 mg/L Cl-, 14 mg/L SO42-, 0.25 mg/L 
Fe, and 21.2 mg/L NH4+-N with supplemental trace metals and vitamins. Mineral salt stock 
solutions were stored in headspace-free foil-lined sampling bags for feeding. Separately, 
neat 1,2,4-TCB and sodium lactate (NaLac) were dissolved in anaerobic Milli-Q® water 
to achieve influent column concentrations of 34.3±7.4 µM (6.2±1.3 mg/L; ± 1 SD) and 
0.55 mM (62 mg/L) respectively. The CB-NaLac feed solutions were stored in headspace-
74 
 
free polyvinyl fluoride bag for feeding. The separate mineral media and CB-NaLac 
solutions were mixed at a 1:1 ratio in-line during column feed to minimize potential 
contamination. Mineral media were replaced every 30 days, and CB-NaLac media were 
replaced every 10 days. Influent tubing and fittings from the feed media to column influent 
were replaced and sterilized every 20 days to prevent buildup of biofilm. Sterilization 
consisted of a 20-minute soak in 20% bleach solution, a triple rinse in Milli-Q® water, and 
a 30-minute vacuum autoclave cycle. Oxygen-saturated Milli-Q® water was introduced as 
a side-stream at the column 67% injection ports to create the upper aerobic zone, as 
described in Chapter 2. A full schematic of influent media streams can be found in 
Appendix B (Figure B.1). 
The four columns were operated under different conditions to determine the effects 
of varying concentrations of nitrate and sulfate (Table 3.1). An abiotic control column (AC) 
served as a baseline to determine potential degradation artifacts during column operation. 
This column was not fed NaLac, but instead 200 mg/L sodium azide as a biocide. A 
baseline column (BC) was operated continuously throughout the experiment with 
unmodified simulated groundwater. A nitrate-reducing column (NRC) was fed increasing 
concentrations of nitrate (0 – 2.5 mM) using filter-sterilized stocks of KNO3. Similarly, a 
sulfate-reducing column (SRC) was fed increasing concentrations of sulfate (0.15 – 10 
mM) as K2SO4. All columns had a baseline influent of 0.15 mM sulfate, which was 
included in the calculated SRC amendments. 
3.3.2 Inoculation 
Columns were flushed for over 10 days with their respective influent media streams 
to stabilize conditions and remove any trapped air. In the biological columns, influent 
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NaLac concentrations were initially dosed at 1.4 mM to stimulate biofilm formation. 
Inoculation occurred for 12 days prior to column data collection (day -12).  Inoculation of 
reductive dechlorinators came from the effluent of a column packed with sand and chitin 
that actively dechlorinated 1,2,4-TCB. The active column effluent was connected directly 
into the 0% sample port of a single experimental column and continuously pumped at 0.1 
mL/min for 18 hours. Subsequently, media from the continuously-stirred aerobic CB-
degrading enrichment described in Chapter 2 was continuously inoculated in the same 
manner for 18 hours. Afterwards, the influent media feed was restored to conditions prior 
to inoculation. The same inoculation procedure was performed in sequence for all three 
biologically active experimental columns (excluding AC).  
At day 0, influent NaLac concentrations were decreased to 0.28 mM, as used in the 
Chapter 2 experiments. However, reductive dechlorination activity could not be sustained 
at this concentration (Figure B.3). At day 24, influent NaLac was increased to 0.55 mM 
and maintained for the remainder of the experiment.  
3.3.3 Experiment Operation 
Columns were operated in parallel inside a laboratory fume hood. Ambient 
temperature, logged continuously, was 18.6 ± 2.7 °C. The experiment was divided into five 
distinct operational phases over 351 days, summarized in Table 3.1. Concentration of 
nitrate in NRC and sulfate in SRC were increasing between Phases I-IV, before being 
lowered to equimolar 0.5 mM in Phase V. Column flow was stopped at the end of Phase 
V, and columns were sacrificially sampled for biofilm microbial analysis. 
Column porewater was sampled every 4-5 days at the 100%, 50%, and 0% ports to 
profile transformations in the anaerobic zone (0-50%) and aerobic zone (50%-100%). 
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Samples were collected in 5 mL glass Luer-lock syringes for chemical analyses as 
described in Chapter 2. At each time point, samples were analyzed for dissolved CBs and 
inorganic anions. During steady-state operation at the end of each experimental phase, 
dissolved methane and organic acids were also measured at 100% and 50% ports to 
estimate an electron balance of redox-active chemicals.  
Table 3.1. Overview of experimental phases in test columns 
  Column Amendment 
Phase Time (days) Abiotic (AC) Baseline (BC) 
Nitrate Reducing 
(NRC) 
[mM NO3-] (mg/L) 
Sulfate Reducing 
(SRC) 







II 81-141 0.15 (9.3) 0.5 (48) 
III 141-193 0.5 (31) 2.5 (240) 
IV 193-302 2.5 (155) 10 (961) 
V 302-351 0.5 (31) 0.5 (48) 
* SO42- concentrations include baseline concentration of 0.15 mM 
3.3.4 Column Hydrodynamics 
Column flow was measured gravimetrically through effluent collection. Nominal 
column flow was approximately 0.09 mL/min and 0.03 mL/min in the main streams and 
oxygenated side-streams, respectively. Dilution due to the side-stream was determined by 
a steady-state bromide tracer, using the ratio of bromide-spiked media concentrations at 
the 0% and 100% ports of each columns. Flow and dilution varied slightly between 
columns due to differences in pump heads and tubing. Values were measured repeatedly 
throughout the experiment and did not drift over time. Average and standard deviation 
values are presented in Table 3.5. 
Three hydraulic tracer tests were performed during startup, at the end of Phase IV, 
and at the end of Phase V as described in Table B.1. A tracer test was not performed in 
Phase IV for AC. The oxygenated side-stream was turned off temporarily during these tests 
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to simplify analysis, leaving only the anaerobic influent feed. Tracer tests were performed 
using a 50 mg/L Br- (as KBr) step-input spike into the CB media bag for each column. 
Effluent samples were collected in 20-minute intervals at the 100% port for approximately 
600 minutes (11.7 hr) or until breakthrough concentrations of approximately 25 mg/L were 
achieved. Bromide was measured by ion chromatography. Tracer concentrations 
measurements are illustrated Figure B.8-10. Since clean filter sand closely approximated 
an idealized porous surface without sorption, data were fitted to an analytical solution for 
the 1-D advection-dispersion equation assuming constant injection in a semi-infinite media 
(Equation 3.1).  Column length x was fixed at 15 cm, reaction decay constant λ was 
assumed to be 0, and a sorptive retardation was assumed to be 0. Fitting parameters C0 
(influent concentration), u (porewater velocity), and DL (longitudinal dispersion) were 








) + exp (
ux
DL
) × erfc (
(x + ut)
√4DLt
)] exp (−λt) 
Parameters ε (effective porosity) and HRT (hydraulic retention time) were calculated based 
on u, column flow, and column dimensions. A full summary of model fitting parameters is 
presented in Table B.6.  Modeled HRT values were in agreement with values determined 
by moment analysis of tracer data (data not shown). Values for u and ε were used to 
estimate HRT values for the anaerobic and aerobic zones under the dual-stream flow, 
assuming effective porosity remained constant with the addition of the side-stream.  
3.3.5 Analytical Methods 
From the 5 mL glass syringe samples, 100 µL aliquots of column porewater were 
immediately transferred to GC autosample vials and extracted in-vial into cyclohexane for 
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CB analysis by Gas Chromatography–Mass Spectrometry as described previously in 
Chapter 2. Benzene was not analyzed in this experiment due to negligible production 
observed in inoculum cultures and previously tested column experiments (Chapter 2).  
Anions in filtered porewater samples were analyzed by ion chromatography with 
conductivity cell detection as described in Chapter 2 with the following modifications. 
Inorganic ions chloride, sulfate, nitrate, nitrite, and bromide were separated isocratically in 
30 mM KOH eluent at 1 mL/min using an AS18 ion exchange column. The eluent 
suppressor was operated at 75 mA current. Organic acids lactate, acetate, formate, 
propionate, and butyrate were separated in KOH eluent pumped at 1.5 mL/min using an 
AS11-HC column. The eluent concentration followed a gradient of 8 minutes at 1 mM, a 
20 min ramp to 30 mM, and a 10 min ramp to 60 mM. The eluent suppressor was 
maintained at 223 mA. Samples with concentrations above upper calibration limit of 20 
mg/L for inorganic ions and 200 µM for organic acids were diluted with Milli-Q® water 
to achieve an analyte concentration within the linear range.   
Dissolved methane in porewater was collected in separate 5 mL glass syringe 
samples and immediately transferred to 8 mL vials sealed with butyl rubber stoppers. 
Equilibrated headspace was sampled, manually injected, and analyzed by GC-FID in 
duplicate with a gas-phase 0.05 mg/L limit of quantification. Aqueous concentrations were 
back-calculated using Henry’s Law. A full description of this method and calculations is 
presented in Appendix B.1.   
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3.3.6 Microbial Community Analysis 
3.3.6.1 Porewater Filtrate Sample Extraction 
During vertical porewater sampling at each timepoint, approximately 5 mL of 
porewater collected in each glass syringe were passed through a disposable 0.22 µm 
polyether sulfone syringe filter to remove porewater biomass and particulate matter. After 
filtration, these filters were saved and frozen at -20o C as representative samples of 
porewater microbial communities.  
Representative filter samples were extracted for each column at the 50% and 100% 
sample port during steady-state operation of every experimental phase. Under aseptic 
conditions, thawed filters were cut open along the radial plane using a hot knife consisting 
of a sterilized steel craft knife blade attached to a soldering iron, exposing the filter 
membrane. The membrane was carefully removed from the filter using sterilized tweezers 
and placed in a sterile DNA-free 5 mL polypropylene centrifuge tube. A modified Qiagen 
DNeasy® PowerSoil® (Germantown, MD) extraction protocol was used to elute DNA 
from the filter membranes. The contents of one PowerBead tube and 60 µL of Solution C1 
were transferred to each 5 mL tube containing a filter. Tubes were vortexed using a MoBio 
vortex adapter in batches of six for 10 minutes at maximum speed. Afterwards, all liquid 
contents in the 5 mL tubes were transferred back into the empty PowerBead tubes. Tubes 
were centrifuged at 10,000 × g for 30 s and transferred into clean collection tubes. The 
remaining protocol, beginning with the addition of solution C2, was followed according to 
the manufacturer’s protocol. 
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3.3.6.2 Biofilm Sacrificial Sample Extraction  
At the end of the experiment, column matrices were sacrificially sampled for 
microbial community analysis. Columns were divided into four equal-length segments 
along the vertical profile and transferred by sterile scoops into a sterile 50 mL 
polypropylene tubes. Tubes were vortexed at maximum speed for 30 seconds, and contents 
were dispensed into sterile 100 mm diameter petri dishes. The column matrices were each 
mixed manually for 1 minute with sterile cell spreaders. Afterwards, approximately 1 g 
aliquots of each mixed segment were transferred to sterile microcentrifuge tubes and stored 
at -80 °C. Two duplicate aliquots from each column segment were later thawed for DNA 
extraction. Approximately 0.5 g of each aliquot were extracted using a PowerSoil® DNA 
extraction kit (Qiagen, Germantown, MD) following manufacturer instructions. A visual 
schematic of all DNA sampling is presented in Figure B.2. 
3.3.6.3 DNA Sequencing and Analysis 
DNA libraries were prepared and sequenced as described in Chapter 2, following 
the methods of Preheim et al. to amplify the V4 region of 16S rRNA gene for Illumina 
sequencing [28]. 300-bp paired-end sequences were analyzed as described in Chapter 2 
with the following modifications. Sequencing data were processed using the updated 
qiime2 pipeline (v.2019.1) [29]. Forward and reverse reads were truncated at 241 bp and 
178 bp respectively, the first instances the 9th percentile quality score of each read dropped 
below 20; both reads were trimmed at 24 bp to remove primers sequences. Across all 
samples, over unique 3600 features were identified. Features were taxonomically classified 
using the built-in Naïve Bayes feature classifier plugin classify-sklearn trained with SILVA 
132 99% OTU reference database [30, 31]. In addition to the R packages described in 
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Chapter 2, DESeq2 was used for identification of differentially abundant OTUs between 
column porewater phases [32].  
3.3.7 Calculations 
3.3.7.1 Chlorobenzene Degradation 
Anaerobic reductive dechlorination was quantified based on the appearance of 
daughter products at the 50% sample port (Equation 3.2). In Chapter 2, we demonstrated 
that nearly all anaerobic reactions in sand columns occurred within the first 25% of the 
column length, so it was assumed no further reaction would occur between the 50% port 
and the oxygenated side-stream port. Since influent 1,2,4-TCB was in excess throughout 
the experiment and total CB mass was conserved within the anaerobic zone, total reductive 
dechlorinations provide a performance metric independent of variations of influent 1,2,4-
TCB concentration (Figure B.3).  
Equation 3.2 
Reductive dechloriation = 2 ×  MCB50 + 1 × ∑DCBs50 
Aerobic degradation was quantified based on the change in total CB mass between 
the 50% port (immediately before oxygen addition) and 100% port (Equation 3.3). The 
reported concentrations were adjusted by the side-stream dilution factor to reflect the 
measured concentrations observed in the column aerobic zones.  
Equation 3.3 
Aerobic degradation = ∑CBs50 ÷ 𝐷𝐹 − ∑CBs100 
For each operational phase, the final 6-7 sample points were used to calculate 
steady-state average values for CB degradation, nitrate transformation, and sulfate 
transformation. Columns were operated for a minimum 26 days (110 pore volumes) before 
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steady-state values were calculated to ensure stabilization of microbial processes. The 
specific time ranges used for steady-state calculations are presented in Table B.1. 
Differences in steady-state performance between columns and between phases were 
calculated for statistical significance using Welch’s 2-tailed t-test. Reported p-values 
below 0.05 were considered to be statistically significant.  
3.3.7.2 Electron Balance 
 Illustrative electron balances were calculated at representative steady-state 
timepoints in each experimental column phase (Table B.1) for both anaerobic zone and 
aerobic zone processes. Anaerobic zone processes quantified were CB reductive 
dechlorination, nitrate reduction, sulfate reduction, methanogenesis, propionate 
fermentation, and acetate fermentation; these were based on the concentration change of 
indicator analytes between the 0% and 50% sample ports. Total accounted reductions were 
compared to the theoretical available electron donor (0.55 mM NaLac) available at the 
column influent. Aerobic zone processes quantified were CB oxidation, sulfide oxidation, 
methane oxidation, propionate oxidation, acetate oxidation, and lactate oxidation; these 
were based on concentration change between the 50% and 100% ports, adjusted to the side-
stream dilution concentrations in the aerobic zone. Total accounted oxidations were 
compared to the theoretical available electron acceptor (oxygen) in the aerobic zone 
(measured DO in the side stream). Calculations assumed sulfate was reduced to sulfide, 
nitrate was reduced to N2, and longer-chain organic acid fermentations were negligible. 
Notably, these calculations did not account for transformation of other possible redox 
species such as iron (0.25 mg/L in the feed media) and H2, nor transient electron sinks such 
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as precipitated sulfides and cell biomass. Table B.2 provides a full description of the 
measured quantities, electron equivalents, and calculations used in the electron balances.  
3.4 Results and Discussion 
 CB biodegradation activity began rapidly in biologically-active columns after 
inoculation. Removal of CBs was immediate at time 0 in the 100% port, indicative of 
aerobic degradation activity (Figure B.3). Reduced CB daughter products were also 
immediately produced in the biological columns, but disappeared for a short period during 
the initial adjustment of influent NaLac concentration (Figure B.3). After the adjustment 
of NaLac to 0.55 mM, reductive dechlorination activity stabilized by day 57 (Figure 3.1). 
Degradation patterns in all three biological columns were consistent during Phase I (Figure 
3.1, Figure 3.2).  
Throughout the experiment, CB degradation patterns followed similar trends 
observed in Chapter 1. Briefly, reductive dechlorination of 1,2,4-TCB resulted in the 
production of 1,3-DCB, 1,4-DCB, and lower fractions of 1,2-DCB and MCB (Figure B.3). 
Overall dechlorination of the CBs was generally low in all columns; the steady-state degree 
of effluent CB chlorination was 2.6-3 Cl per CB in all column phases, with the exception 
of BC Phases IV and V (2-2.4; Table B.3). Concentrations of 1,2,4-TCB and all 
dechlorinated daughter congeners decreased within the aerobic zone only, indicative of 
aerobic degradation of all available MCB, DCB, and TCB congeners (Figure B.3). The 
extents of anaerobic reductive dechlorination (Figure 3.1) and aerobic degradation (Figure 
3.2) were calculated and tracked over time in all columns throughout the experiment, based 





control to the NRC and SRC. Initial degradation activity (Phase I) was 11.9 µM anaerobic 
dechlorinations and 10.1 µM aerobic degradations. Reductive dechlorination in BC was 
stable in Phases I-II before decreasing in Phase III. However, in the second half of Phase 
IV and beginning of Phase V reductive dechlorination activity increased from 
approximately 10 µM to nearly 55 µM, before stabilizing at a steady-state value of 30.3 
µM at the end of the experiment, a 250% increase from Phase I (Figure 3.1). An electron 
balance of anaerobic processes (Figure 3.4a) illustrates an apparent shift in redox processes 
also co-occurring with this increase in dechlorination. In Phases I and II when degradation 
was stable, approximately 90% of accounted reduction resulted in formation of organic 
acids acetate and propionate while the remaining 10% resulted in sulfate reduction. 
Reductive dechlorination utilize less than 1% of the total available electron donor. 
Beginning Phase III and continuing to Phase V, methanogenesis began to account for an 
increasingly large fraction of total electron flow at the expense of acetate (Figure 3.4a). In 
Phase V, methanogenesis was the dominant reductive process and there was almost no 
acetate present, indicative of acetolactic methanogenesis (discussed in Section 3.4.5.3). 
Table 3.2. Steady-state redox activity in the BC during each operational phase 



















I 11.9 ± 3.9 0.36%  10.1 ± 2.2 7.1 ± .5 45.1 
II 14.8 ± 7.4 0.45%  7.8 ± 1.2 7.5 ± .4 33.4 
III 7.0 ± 2.7 0.21%  9.0 ± 1.6 7.8 ± .7 37.1 
IV 17.1 ± 5.7 0.52%  8.3 ± 1.0 6.2 ± .2 42.8 





small (approximately 10%) fraction as well. As the BC became methanogenic in Phases 
IV and V, oxidations shifted to methane oxidation at the expense of organic acids and 
sulfide (Figure 3.4b). Despite the complete shift from acetate to methane oxidation in the 
column aerobic zone, aerobic CB degradation remained stable (Figure 3.4).  
3.4.2 Nitrate-Reducing Column (NRC) Activity 
  In the NRC, Phase I degradation was nearly identical to the BC under the same 
influent conditions. At elevated 0.15 mM nitrate dose in Phase II, steady-state degradation 
was not significantly different compared to Phase I or BC Phase II. Increasing nitrate to 
0.5 mM (Phase III), reductive dechlorination decreased significantly (p<.01) from 10.2 µM 
to 2.6 µM.  (Figure 3.3a). Increasing nitrate to 2.5 mM caused reductive dechlorination to 
completely cease in the first 50 days of Phase IV (Figure 3.1). However, dechlorination 
increased slightly at the end of Phase IV, resulting in a steady-state average of 3.4 µM 
(Figure 3.3a). After lowering nitrate to 0.5 mM in Phase V, reductive dechlorination 
increased significantly (p<.001) to 14.2 µM, similar to the initial activity observed in Phase 
I without nitrate addition (Figure 3.3a). Elevated nitrate appeared to have an overall 
negative effect on reductive dechlorination; however, a shift occurred (similar to BC) at 
the end of Phase IV to promote reductive dechlorination.  
Nitrate was completely reduced within the anaerobic zone at 0.15 mM and 0.5 mM 
influent (Phases II, III, V), but was in excess at 2.5 mM (approximately 1.5 mM remaining) 
(Table 3.3). No nitrite was detected (data not shown), and reduction of nitrate was assumed 
to proceed fully to N2 for electron balance purposes. However, it is possible that incomplete 
reduction to NO or N2O gas may have occurred. Figure 3.5a shows representative 
anaerobic electron balances in the NRC. The balance in Phase I was predictably similar to 
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BC (Figure 3.4), with majority organic acid fermentation and a small fraction of sulfate 
reduction. In Phases II and III, increased nitrate reduction occurred while all other 
reduction processes decreased. In Phase IV nearly all electron donor was used for nitrate 
reduction, outcompeting all other processes. This was unsurprising, given the substantial 
difference in free energy for nitrate compared to other anaerobic electron acceptors [13]. 
As nitrate concentration was lowered to 0.5 mM in Phase V, other reduction processes re-
emerged presumably after limiting nitrate had been expended (similar to Phase III). A small 
fraction of methanogenesis also emerged in Phase V, similar to the shift seen in BC. 
Table 3.3. Steady-state redox activity in NRC during each operational phase 



























I 0 13.4 ± 2.9 1 ± 1 -88 ± 4 437  9.8 ± 2.7 1 ± 1 16 ± 5 
II 0.15 10.2 ± 3.7 -142 ± 3 
-86 ± 
12 346  8.3 ± 1.3 2 ± 2 13 ± 4 
III 0.5 2.6 ± 1.5 -477 ± 38 
-57 ± 
32 167  15.6 ± 2.1 5 ± 9 32 ± 8 
IV 2.5 3.4 ± 1.6 -943 ± 54 1 ± 4 7  26.3 ± 2.1 
-59 ± 
44 2 ± 8 
V 0.5 14.2 ± 4.3 -499 ± 0 
-84 ± 





effluent. Under this dose, near-complete (95.4%) aerobic degradation of the 26.3 µM of 
1,2,4-TCB in the aerobic zone occurred. When nitrate influent was lowered to 0.5 mM 
(Phase V), degradation activity decreased to levels previously observed in Phase III (Table 
3.3).  
3.4.3 Sulfate-Reducing Column (SRC) Activity 
Degradation in the SRC was similar to BC in Phase I, but began to diverge from 
BC in Phase II (Figure 3.3). There was a clear negative association between sulfate addition 
and reductive dechlorination, which decreased significantly in every consecutive phase 
from I to IV (p<.05). Reductive dechlorination fell by 53% to 5.6 µM at 0.5 mM sulfate 
(Phase II), to 3.4 µM at 2.5 mM sulfate (Phase III), and was completely inhibited at 10 mM 
sulfate (Phase IV; Table 3.4). No dechlorination activity was observed for the first 25 days 
of Phase V, when sulfate was decreased to 2.5 mM; however, dechlorination showed a 
slight but significant (p<.01) recovery to 1.3 µM at the end of the experiment (Figure 3.1). 
Figure 3.6a shows the representative anaerobic electron balance in the SRC. Sulfate 
reduction comprised an increasing fraction of total electron donor as the dose increased 
and came at the expense of residual propionate, which was completely absent in Phase IV 
(Figure 3.6a). Similar to the BC, the SRC also become more methanogenic over the course 
of the experiment, with nearly 10% of electron donor utilized for methanogenesis in Phase 
V. Interestingly, the total accounted electron equivalents calculated in Phase IV far 
exceeded any other phase by at least 1700 µeq and the influent NaLac by 2300 µeq (Figure 
3.6a). This over-accounting may suggest that sulfate was not completely reduced to sulfide, 
but instead to a less reduced compound such as sulfite or elemental sulfur. This could also 




Aerobic degradation also appeared to be negatively impacted by sulfate at higher 
doses (Figure 3.3b). From Phase II onward, aerobic CB degradation was significantly lower 
than in the corresponding BC phase (p<.05). However, within SRC, degradation did not 
decrease significantly from Phase I until the 10 mM sulfate dose in Phase IV where 
degradation decreased 49% to 3.1 ± 1.8 µM. This was not statistically different (p>.05) 
from the observed removal in AC (1.8 ± 0.6 µM), suggesting aerobic degradation may have 
been completely inhibited here. Lowering sulfate to 0.5 mM in Phase V, aerobic 
degradation did increase slightly to 3.8 µM, but this was not a statistically significant 
change (p>.05; Table 3.4). This suggested that aerobic degradation may have been 
permanently negatively impacted by the high sulfate dose. Decreased aerobic CB 
degradation at higher sulfate doses could likely be attributed to increased competition for 
oxygen from sulfide oxidation, as seen in the aerobic electron balance (Figure 3.6b). As 
greater fractions of sulfate were reduced, increased fractions were re-oxidized, which 
would increase total oxygen demand.  
3.4.4 Tracer Test Results 
Empty bed column tracer tests during startup showed that columns were packed 
similarly prior to inoculation and experimental operation (Figure B.8). Initial tracer 
porewater velocities and longitudinal dispersion coefficients ranged from 0.046-0.050 
cm/min and 0.0026-.0037 cm2/min respectively, with effective porosity values of 0.39-0.42 
(Table B.6). Prior to Phase I, the influent peristaltic pump heads and tubing to AC were 
changed, decreasing influent flow by 16%. This was assumed to have a proportional impact 
on column velocity and retention time. Since this column was not biologically active, the 
lower flow compared to the biologically active columns was not considered confounding. 
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At the end of Phase IV, when alternative electron acceptor doses were greatest, 
another tracer test was performed on the biologically active columns (Figure B.9). 
Dispersion coefficients increased an order of magnitude (0.012-0.029 cm2/min), indicative 
of additional mixing possibly due to biofilm and precipitate development (Table B.6). BC 
and SRC behaved similarly. Both had small (<13%) decreases in porewater velocity and 
proportionally higher HRTs and higher effective porosity. In contrast, NRC had an 8% 
increase in velocity, corresponding to a decrease in porosity and retention time (Table B.6). 
This difference may be due to enhanced biofilm growth in NRC occupying greater 
porespace compared to the other columns. Nitrate provides significantly greater energy 
yield for cell growth compared to sulfate and other electron acceptors, potentially 
enhancing biofilm development and decreasing effective porespace during this phase [6].  
Table 3.5. Column hydrodynamics and estimated zonal hydraulic retention times  
    AC BC NRC SRC 
Measured  
Effluent Flow 











(DF) b 1.38 1.30 1.35 1.34 
      
Modeled Parameters c 
u (cm/min) 0.035 0.046 0.047 0.045 
D (cm2/min) 0.004 0.009 0.016 0.026 
Effective 
Porosity, ε 0.45 0.41 0.40 0.41 
Pore Volume 
(mL) 33.0 30.4 29.1 30.4 





Anaerobic HRT 4.6 3.6 3.5 3.7 
Aerobic HRT 1.7 1.4 1.3 1.4 
Total HRT 6.3 5.0 4.9 5.1 
a. Based on 7 measurements throughout experiment 
b. Based on 4 measurements throughout experiment 
c. Based on Phase V tracer test at the end of the experiment 
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A final tracer test was performed on all columns at the end of Phase V immediately 
before ending the experiment (Figure B.10). Dispersion in AC remained unchanged from 
the initial tracer test, indicative of minimal biofilm development. Effective porosity 
increased slightly from 0.4 to 0.45, which may have been resultant of decreased flow. 
Hydrodynamics in the biological columns were similar. Dispersion remained similar to the 
Phase IV test (0.009-0.026 cm2/min). Porewater velocity and effective porosity were 0.045-
0.047 cm/min and 0.40-0.41 respectively, which were nearly identical to the parameters 
from the empty-bed tracer test. This may have been indicative of a loss of biomass within 
the NRC after nitrate concentrations were decreased. In general, column hydraulics within 
the biological columns appeared stable throughout the experiment from the beginning to 
the end of the experiment. The order of magnitude increases in dispersion likely resulted 
in some preferential flow and additional mixing within the columns. However, near-
constant velocities and porosities indicated that there was no major fouling or dead space.  
3.4.5 Microbial Community Analysis 
3.4.5.1 Inocula Composition 
CB-degrading enrichments used to inoculate the biological columns were 
sequenced with relative abundance profiles described in Figure B.11. The anaerobic 
inoculum contained approximately 11% putative reductive dechlorinator Dehalobacter 
[33] with additional fractions of Pseudomonas (18%), an unidentified Lahnospiraceae 
OTU (12%), Sporomusa (11%), Fonticella (7%), and Dechlorosoma (6%). The aerobic 
enrichment was dominated by an unidentified Betaproteobacteriales OTU (76%) with 
smaller fractions of Paraburkholderia (9%), Rhizobium (6%), Pseudomonas (3%) also 
present. Paraburkholderia [14], Pseudomonas [34], and Pandoraea [35] (found at low 
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0.5% abundance) have all been previously identified by others as potential aerobic CB 
degraders. The rapid startup of CB degradation in the biological columns (Figure 3.1, 
Figure 3.2) was likely aided by high fractions of putative CB degraders in the inocula.   
3.4.5.2 Porewater Microbial Communities 
Sampling column porewater provided an opportunity to profile changes in the 
microbial community over shifting redox conditions. Although the distribution of bacteria 
between solid and aqueous phases are known to vary, shifts in porewater community 
originating from the column would still indicate changes in activity over time [36]. 
Comparing abundances between the 50% and 100% sampling port, we were able to see 
contrasts in profiles between the anaerobic and aerobic zones respectively. Organisms 
abundant at the 100% port but not at the 50% port can be assumed to be related to activity 
in the aerobic zone; conversely organisms abundant at both ports can be assumed to be 
related to anaerobic zone activity with potential additional activity in the aerobic zone. A 
genus-level profile of column porewater samples across each experimental phase is 
presented in Figure 3.7. These data provided a qualitative, but noisy, description of 




Figure 3.7. Porewater bacteria relative abundance profile in biological columns during steady-state of each 
phase at 50% port (left) and 100% port (right) for genera with >=1% abundance. n=2 sample dates for all 
samples except in BC Phases II, III, and V.  
Initially, Phase I porewater in all biological columns was dominated by just five 
genera – Pseudomonas, Dechlorosoma, Comamonas, Clostridium, Zoogloea and 
Desulfosporosinus (Figure 3.7). All of these dominant genera were detected in the inocula, 
except for Clostridium, a common anaerobe associated with organic acid fermentation and 
hydrogen generation [37]. Clostridium populations may have developed as a result of a 
switch in primary substrate between the inocula (chitin) and the column (lactate). The 
presence of Desulfosporosinus, a genus of strictly anaerobic sulfate-reducing bacteria 
(SRB) [38], was expected given the baseline influent of 0.15 mM sulfate in all columns. 
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Dechlorosoma, Comamonas, Zoogloea, and Pseudomonas are all facultative anaerobes 
with additional potential for fermentation, perchlorate-reduction (Dechlorosoma) [39] and 
nitrate-reduction (Dechlorosoma, Pseudomonas) [40, 41]. Dechlorosoma and Zoogloea 
were found predominantly in the 100% samples, indicating an association with aerobic 
metabolism. With the exception of the NRC 50% sample (6%), Dehalobacter was present 
in all column porewater samples at low abundances (<1%). Pseudomonas was the only 
highly abundant potential aerobic CB degrader from the aerobic inoculum present in 
column porewater. However, all porewater samples were dominated by large fractions 
(>21%) of a single Pseudomonas OTU that did not show strong differential abundance 
patterns. Due to its ubiquity in samples and the vast number of potential strains and known 
metabolic functionality [42], we could not infer a specific functional role for this genus in 
this experiment.  
Several qualitative trends were observed in these profiles (Figure 3.7). In BC, both 
Dehalobacter and methanogenic Methanosaeta [43] emerged in larger proportions 
beginning in Phase IV. In SRC, Desulfosporosinus and Thiobacillus (100% port) showed 
increased abundances with increased sulfate dose. In NRC, the abundance of 
Dechlorosoma increased with increasing nitrate dose at the 50% port, but trend was not 
apparent at 100%. Abundances of Rhodoferax and Novosphingobium also co-occurred with 
increasing nitrate dose. Interestingly, the Novosphingobium OTU identified was identical 
to an OTU identified in Chapter 2 as an “Unspecified Sphingomonadaceae” (using the 
GreenGenes database) that was highly abundant in column aerobic zones and suspected to 
be an aerobic CB degrader. Conversely, abundances of Desulfosporosinus and 
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Clostridium, which were prominent across BC and SRC, appeared to decrease with 
increased nitrate dose in NRC.   
At the class level (Figure B.12), porewater was dominated by 
Gammaproteobacteria and Clostridia to a lesser extent. Over time, BC and SRC had 
increasingly larger fractions of Clostridia compared to Gammaproteobacteria independent 
of conditions, suggesting a shift to more strictly anaerobic organisms. The presence of 
Clostridia decreased with increasing nitrate dose in NRC. Alphaproteobacteria and 
Bacteroidia emerged in abundances greater than 1% in Phases IV and V of all columns.  
3.4.5.3 Changes in Functionally Relevant Porewater Genera  
Several indicator genera whose porewater abundances co-occurred with methane, 
sulfate, and nitrate cycling were identified. The trends are described here, but plots of 
relative abundances across phases and columns are presented in Appendix B (Figure B.13 
- Figure B.15).  
Within the BC, the loss of acetate and increase in methane production seen in the 
electron balance within Phases IV and V were suspected to be a result of acetoclastic 
methanogenesis (Figure 3.4). We identified Methanosaeta as the only methanogenic 
archaeal genera within any of the column samples. Methanosaeta is slow-growing obligate 
acetoclastic methanogen, only capable of using acetate as an electron donor for growth [43, 
44]. Consequently, Methanosaeta in BC became substantially more abundant in the 50% 
porewater samples in Phases IV and V (Figure B.13), co-occurring with the observed 
increase in methanogenesis (Figure 3.4a). Increased methane oxidation (Figure 3.4b) was 
accompanied by a 2-log increase in putative methanotroph Methylocystis [45] in 100% 
porewater samples between Phases III and V (Figure B.13). Similar trends in Methanosaeta 
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were observed in SRC, but to a lesser extent, corresponding to observed methanogenesis 
in Phases III-V (Figure 3.6a). NRC did not show co-occurrence, despite some observed 
methane in Phase V (Figure 3.5a).  
Two different genera in the NRC  50% porewater samples appeared to be associated 
with nitrate reduction. Dechlorosoma became highly abundant (up to 30%) with increased 
nitrate concentration from Phases I-IV (Figure B.14) [40]. This genus was also found in 
BC and SRC at moderate abundances, which was unexpected since Dechlorosoma is not 
known to have fermentative or sulfate-reducing metabolism [39]; however no patterns in 
abundance were apparent in those columns. Rhodoferax, which has also been implicated 
in nitrate reduction [46], showed a similar trend with nitrate dose in the NRC, but at an 
order of magnitude lower than Dechlorosoma; this genus was not present in BC or SRC 
(Figure B.14). 
Abundances of putative SRB Desulfosporosinus and sulfate-oxidizer Thiobacillus 
were prominent in all columns since a baseline 0.15 mM was fed to each (Figure B.15). 
Under elevated sulfate-reducing conditions in the SRC, Desulfosporosinus and 
Thiobacillus abundances also increased, with maxima at 10 mM sulfate (Phase IV; Figure 
B.15). Also in Phase IV, the abundances of these sulfur-cycling organisms decreased to 
zero in NRC, further evidence that nitrate-reducing conditions suppressed other anaerobic 
processes (Figure B.15). 
Porewater abundances of putative CB dechlorinator Dehalobacter (Figure 3.8) 
appeared to generally co-occur with CB dechlorination activity in all columns (Figure 3.3). 
We attempted to correlate steady-state reductive dechlorination to the average relative 
abundance Dehalobacter from the 50% porewater samples in each column (n=2; Figure 
101 
 
3.9). Excluding a single outlying point (NRC Phase I), there was a good linear fit 
(R2=0.838) to the combined data from all columns. This suggests that in a simple sand 
matrix, abundances of planktonic Dehalobacter may be a useful relative measure of CB 
dechlorination activity.  
 
Figure 3.8. Relative abundance profiles of putative CB dechlorinator Dehalobacter at 50% porewater sample 
port during steady-state operation of each experimental phase. Each datapoint represents the average of 2 
samples with the exception of BC Phases II, III, and V.  
 
Figure 3.9. Correlation between Dehalobacter porewater relative abundance at the 50% sample port and the 
average measured reductive dechlorination in each experimental phase. Linear regression includes all data 
points except the outlier at the top of the plot. Shaded region represents 95% confidence interval of the 
regression.  
Based on the increasing aerobic CB degradation observed in NRC, we identified 
Novosphingobium and an Unspecified Burkholderiaceae OTU as likely aerobic degraders. 
Interestingly, neither of these OTUs were detected within the aerobic inoculum culture. 
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Relative abundances of both genera qualitatively increased with increasing nitrate doses in 
Phases II-IV (Figure 3.10). However, their abundances remained relatively low in BC and 
SRC, not showing discernable trends over time. Unlike Dehalobacter, there was no 
identified quantitative correlation between the abundances of these genera and the aerobic 
degradation activity (Figure 3.11). While there was a monotonic increase in 
Novosphingobium abundance with aerobic degradation in NRC, it was not linear (Figure 
3.11a). This result is not entirely surprising since aerobic CB degraders tend to also be 
heterotrophic generalists with additional function capacity for CB degradation [34, 47]. 
Therefore, abundances could potentially be influenced by consumption of other organic 
substrates present. In contrast, Dehalobacter is a strict OHRB that can only reduce 
halogenated substrates, limiting growth to highly specific substrates. Additionally, it is 
possible that other unidentified degraders were abundant in BC and SRC; however, these 
could not be determined from this experiment.  
 
Figure 3.10. Relative abundance profiles of potential aerobic CB degraders at 100% porewater sample port 
during steady-state operation of each experimental phase. Each datapoint represents the average of 2 samples 




with high spatial resolution. Greater value may be derived from quantification of niche 
specialists such as OHRB compared to metabolic generalists, as shown in our 
quantification of Dehalobacter (Figure 3.9). Though 16S copy number is already 
frequently used as a qualitative predictor of biodegradation potential [49], it is currently 
not viewed as a particularly reliable quantitative predictor of absolute metabolic activity in 
the field [50]. With a better prior understanding of the diversity of organisms occurring in 
a system and their functionality, targeting conserved functional genes such as reductive 
dehalogenases [51] and ring oxidizing dioxygenases [52] through qPCR may be a more 
viable means to quantify CB degradation activity in the field. Identifying such functional 
genes specific to CB biodegradation remains an important research need. 
3.4.5.4 Biofilm Microbial Communities 
Sacrificial sampling at the end of the experiment (Phase V) revealed descriptive 
spatial trends between columns under baseline and moderately nitrate- and sulfate-reducing 
conditions (0.5 mM). Columns were divided into four sequential segments labeled 1-4 from 
influent to effluent; segments 1 and 2 represented the anaerobic zone, segment 3 
represented the transition from anaerobic to aerobic conditions, and segment 4 represented 
the aerobic zone (Figure B.2). Bulk DNA extracted from each of the four vertical sand 
segments provided an approximation of the biomass density along the OAI (Figure 3.12). 
All biological columns showed greatest anaerobic zone DNA concentration in the bottom 
segment (1) followed by a 1-log decrease in concentrations, indicating the majority of 
biological activity occurred close to the column entrance.  Notably, NRC had over 8-fold 
greater biomass in segment 1 compared to BC or SRC, reflective of the much higher energy 
yield available to bacteria with nitrate reduction compared to sulfate reduction or 
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fermentation. After addition of oxygen, biomass densities increased in segment 4, which 
were similar between all biological columns (Figure 3.12).  
Community structure within columns, based on weighted Unifrac distances [53], 
showed a strong bifurcation along the anaerobic-aerobic interface (Figure 3.13). In BC and 
SRC, anaerobic segments (1, 2) were separated from aerobic segments (3, 4) along the first 
principal coordinate (61.2% of explained difference). NRC segments did not show as 
substantial separation between anaerobic and aerobic conditions. Rather, they clustered 
more closely to the BC and SRC aerobic samples, with segment 1 separated from segments 
2-4 along the second principal coordinate (Figure 3.13).    
 
Figure 3.12. Distribution of DNA through sacrificial column segmentation. Error bars represent ±1 SD for 




Figure 3.13. Principal coordinate analysis of Weighted Unifrac distances between biofilm and porewater 
(Filter) samples sampled at the end of the experiment in Phase V. Biofilm samples were segmented from 1 
to 4 from bottom to top in duplicate. Porewater samples were collected at 50% and 100% of column length 
in duplicate (except for BC; n=1). The first two axes (displayed) explain 86.9% of sample distances. 
A genus-level taxonomic plot of the four columns is presented in Figure B.16 of 
Appendix B showing the most abundant genera in each column. Functionally relevant 
organisms identified in column porewater were also identified and profiled along the 
lengths of each column (Figure B.17,  Figure B.18). These profiles were confirmatory of 
all of the observed porewater trends observed in Phase V. Despite the porewater carrying 
similar patterns for individual functional bacteria, the overall community structures (based 
on weighted abundances) were distinctly different between biofilm and porewater. 
Comparing porewater samples and biofilm samples taken in Phase V for all columns 
(Figure 3.13), there was significant clustering of all porewater samples distinct from 
biofilm samples (p=0.0323, Adonis PERMANOVA test; 10,000 permutations). In contrast, 
ordination of Unweighted Unifrac distances, measuring qualitative community 
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composition, did not cluster based on sample type (Figure 3.14). Rather, all samples 
generally clustered by column and redox zone (anaerobic = 1, 2, 50% samples; aerobic = 
3, 4, 100% samples; Figure 3.14). This is in agreement with the past literature comparing 
biofilm and planktonic groundwater microbial communities. These studies found that 
porewater communities represent some subset of the total biofilm population, but in lower 
and typically unpredictably different relative abundances [54, 55]. A multitude of 
physiological and environmental conditions such as attachment energy, shear stress, and 
cell growth can influence the distribution of cell mass between phases [36]. Because cell 
densities are typically orders of magnitude higher in biofilm than in porewater [56], an 
inter-taxonomic comparison of porewater abundances between phases may not be 
representative of changes within the actual biofilm. However, comparing porewater 
abundance changes for individual organisms between phases, as conducted with the 
functional degraders in Section 3.4.5.3, may be a more valid representation of changes 
within the biofilm. Since the partitioning of a specific organism between biofilm and 
porewater would be expected to be relatively constant throughout the experiment given 
uniform physiological characteristics and column hydrodynamics, changes in abundance 




Figure 3.14. Principal coordinate analysis of Unweighted Unifrac distances between biofilm and porewater 
(Filter) samples sampled at the end of the experiment in Phase V. Biofilm samples were segmented from 1 
to 4 from bottom to top in duplicate. Porewater samples were collected at 50% and 100% of column length 
in duplicate (except for BC; n=1). The first two axes (displayed) explain 58.9% of sample distances. 
 
3.4.6 Impacts of Alternative Electron Acceptors on Reductive Dechlorination 
In the SRC, reductive dechlorination was negatively impacted by sulfate doses of 
at least 0.5 mM and completely  suppressed at 10 mM (Figure 3.3). Prior literature on CB 
dechlorination had reported varying outcomes from sulfate addition. Bosma et al. (1988) 
found that reductive dechlorination of low micromolar concentrations of TCBs and DCBs 
proceeded without issue in sediment columns with approximately 20 mM sulfate [57].  
Adrian et al. (1998) found that low (1 mM) sulfate stimulated reductive dechlorination in 
batch, serving as a necessary source of elemental S [58]. However, Chang et al. (1998) and 
Adrian et al. found that increasing sulfate concentrations (0.02-0.5 mM and 2-7 mM 
respectively) delayed CB dechlorination until after sulfate was reduced and inhibited 
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dechlorination when sulfate was in excess [58, 59]. Work by Pantazidouof et al. (2011) 
combined observations from multiple field sites and laboratory tests and found generally 
decreasing TCE dechlorination with increasing sulfate concentration [60]. That study also 
found that under electron donor excess, dechlorination was delayed in the presence of 
sulfate; but under electron donor limitation, dechlorination activity decreased up to 50% 
[60].  
Our results appear to be in agreement with these observations of decreased 
dechlorination activity under increasing sulfate excess and electron-donor limitation. 
Residual propionate was observed in SRC at 0.15- and 0.5-mM sulfate doses, indicating a 
pool of electron donor was still available to drive sulfate- and CB reduction (Figure 3.6). 
Propionate fermentation can produce the H2 needed for sulfate-reduction and CB-reduction 
as described in Equation 3.4, but is not energetically favorable under standard conditions 
(∆G0’=+76.1 kJ/reaction) [61].  
Equation 3.4 
Propionate + 3 H2O → Acetate + HCO3
− + H+ + 3H2 
However, increased sulfate dose co-occurred with increased sulfate reduction and depletion 
of excess propionate, suggesting higher sulfate drove consumption of H2 to levels below 
the required threshold of  10-6-10-4 atm to drive the reaction in  Equation 3.4 forward [61]. 
This supports that notion that under increasing sulfate concentrations, SRB out-competed 
OHRB for limiting H2. Despite OHRB generally having a higher affinity than SRB for low 
concentrations of H2 [16, 19], slow growth of OHRB compared to other organisms can put 
them at a competitive disadvantage if they cannot limit H2 concentrations below thresholds 
required to prevent sulfate reduction.  
110 
 
Sulfide toxicity is another mechanism of dechlorination inhibition that warrants 
consideration. Recent work by Mao et al. (2017) systematically investigated sulfur 
inhibition in a TCE dechlorinating triculture with Dehalococcoides mccartyi and found 
that high concentrations of sulfide (5 mM) were directly responsible for reductive 
dechlorination inhibition, and not sulfate itself; sulfide was believed to inactivate metal-
containing enzymes such as dehalogenases [11]. Though we did not directly measure 
sulfide, no more than 0.5 mM of sulfate was reduced at any sulfate dose in SRB (Table 
3.4). Additionally, Adrian et al. (1998) did not note inhibition of CB dechlorination in the 
presence of 1 mM sulfide [58]. This suggests that in our donor-limited system, sulfide 
toxicity may not have been a factor. However, in systems where sulfate concentrations are 
high and electron donor is in excess, the production of excess sulfide could be inhibitory.  
In NRC, the generally decreasing reductive dechlorination activity with increasing 
nitrate dose was expected based on prior literature. Reductive CB dechlorination has rarely 
been observed under denitrifying conditions [58, 59, 62], and it has generally required prior 
depletion of nitrate before proceeding due to much more favorable energetics of nitrate-
reducing organisms [63]. With specific regard to CBs, limited studies of nitrate-reducing 
conditions found no reductive dechlorination in the presence of excess (5 mM) [62] nor 
limiting (0.2-0.6 mM) nitrate [57, 59]. Additionally, it was found by others that 
intermediate gaseous nitrate reduction products NO and N2O can also cause toxic inhibition 
of OHRB when nitrate is at low millimolar concentrations through interference with iron-
containing proteins [18]. Regardless of the mode of inhibition, it was clear that high nitrate 
concentrations were not conducive to enhanced dechlorination.  
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At the end of Phase IV, it was therefore surprising that reductive dechlorination 
activity increased from 0 despite an excess of nearly 1.5 mM nitrate (Figure 3.1). A 
potential explanation for the dechlorination activity could be the development of a thick 
biofilm coating along the surface area of the sand matrix. At the end of the Phase IV tracer 
test, we observed an 8%-12% decrease in porosity compared to the empty bed and Phase 
V tracer test (Table B.6); additionally the bulk DNA profile of NRC at column harvest 
showed greater DNA concentrations (and likely cell mass) compared to other columns 
(Figure 3.12). Both points suggest enhanced biofilm mass could have developed under 
nitrate excess. Dehalobacter and other syntrophic organisms could have persisted under 
nitrate-free protected microniches deeper in the biofilm in a similar manner to 
methanogenic bacteria in anaerobic granules [64]. Even though nitrate-reducing bacteria 
were assumed to have utilized all of the available electron donor dosed to the column, 
decay of biomass within the film could potentially provide a local source of electron donor 
for dechlorination. Decaying biomass has been shown by others to be a viable source of 
electron donor for OHRB consortia [65, 66]. 
3.4.7 Impacts of Alternative Electron Acceptors on Aerobic Degradation  
In the SRC, increased sulfate reduction was accompanied by increased sulfur 
oxidation and decreased CB oxidation in the aerobic zone (Table 3.4). Theoretically, in the 
absence of an unreactive electron sink, similar fluxes of electron carriers should move from 
the anaerobic zone to the aerobic zone at steady-state in both BC and SRC. In BC, these 
equivalents were delivered primarily as acetate, propionate, and methane (Figure 3.4), 
while in SRC they were delivered as reduced sulfur, acetate, propionate, and methane 
(Figure 3.6). Consequently, the reduced compounds entering the aerobic zones of the 
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columns should exhibit similar degrees of oxygen demand, but distributed among different 
reduced carriers. The fact that aerobic CB degradation was inhibited in SRC at high sulfate 
doses but not in BC suggests that the sulfur oxidizers could more effectively compete for 
limiting oxygen than CB oxidizers. This was reflected in the biofilm composition of 
columns in Phase V, where relative abundances of sulfur-oxidizing Thiobacillus were 
greater in SRC compared to BC but CB-oxidizing Novosphingobium were much lower 
(Figure B.18). A preference for oxidation of sulfur over other substrates had previously 
been described by Hatamoto et al. (2012) in a treatment system for anaerobic waste [67]. 
Under conditions of oxygen excess, sulfur oxidation co-occurred with methane, ammonia, 
and COD oxidation; however under oxygen-limiting conditions, sulfur-oxidation 
outcompeted methane and ammonia oxidation [67]. Similarly, Matsuura et al. (2010) found 
that sulfur-oxidizing bacteria had a high oxygen affinity even in microaerophilic 
conditions; in a downflow reactor, sulfur oxidation preceded both organic carbon and 
methane oxidation activity [68]. Our previous results in Chapter 2 also support that sulfur-
oxidizing bacteria have a higher affinity for oxygen than CB degraders. Immediately after 
the introduction of oxygen in packed columns, sulfate-oxidizing Thiobacillus abundances 
increased log-fold along the column flowpath before similar increases occurred in CB-
oxidizing organisms (Figure 2.6a, b). These results suggest that sulfur-oxidizing bacteria 
may be more effective in outcompeting CB-degraders for oxygen than other competing 
heterotrophic bacteria.   
The presence of anaerobic nitrate-reducing conditions showed greatly enhanced CB 
degradation at OAIs. Under excess nitrate in Phase IV (2.5 mM), near complete-removal 
of the 26.3 µM (4.8 mg/L) 1,2,4-TCB entering the aerobic zone was degraded with residual 
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oxygen remaining in the column (Table 3.3). With approximately 5 mg/L (156 µM) DO 
consumed, the observed oxygen utilization of 5.9 mol O2 per mol 1,2,4-TCB was nearly 
equal to the theoretical TCB utilization of 6 mol/mol (Equation 3.5).  
Equation 3.5 
C6H3Cl3 + 6O2 → 6CO2 + 3H
+ + 3Cl− 
Although we did not observe any CB oxidation directly under nitrate-reducing conditions, 
in agreement with past literature [21, 69, 70], nitrate was able facilitate oxidation of 
competing electron donors and conserve limiting oxygen for CB degradation. Despite 
nitrate reduction having apparent detrimental effects on reductive dechlorination, CB 
oxidation still proceeded for 1,2,4-TCB. This reinforces findings from Chapter 2 that 
reductive dechlorination was not a necessary step to facilitate aerobic degradation. In fact, 
from an oxygen-limiting standpoint, it may be beneficial to inhibit reductive dechlorination 
activity to facilitate greater oxidative yield. Based on theoretical oxygen demand, only 6 
mol O2 are required to completely oxidize TCB, compared to 6.5 and 7 mol O2 for more 
highly reduced DCBs and MCBs.  
Despite the inability for CB to oxidize under strict nitrate-reducing conditions, a 
laboratory study by Nestler et al. (2007) suggested the potential for nitrate to enhance CB 
degradation under oxygen-limiting aerobic conditions [41]. Using sensitive oxygen sensors 
to maintain and measure micromolar dissolved oxygen concentrations, they found nitrate 
addition reduced total oxygen demand by 16% compared to an unamended control, with 
nitrate utilization occurring simultaneously with CB degradation; nitrate was also able to 
degrade aliphatic chloromuconate, a CB ring-fission product under anoxic conditions [41]. 
Under their proposed model, oxygen is exclusively required by ring-hydroxylating 
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dioxygenases to activate the aromatic structure for ring cleavage. However, the oxygen 
needed as a terminal electron acceptor for metabolism of aliphatic products could be 
replaced by nitrate. Follow-up field studies by co-authors were not able to replicate this 
result [71], and to our knowledge no other studies have re-addressed this finding. Under 
nitrate excess (Phase IV) in our experiment, no degradation was observed in the anaerobic 
zone of NRC. However, in the aerobic zone we did notice significant (p<.05), but highly 
variable 59±44 µM disappearance of nitrate in the aerobic zone despite apparent utilization 
of nearly all organic acid and no sulfate reduction occurring (Table 3.3, Figure B.5). This 
raises the possibility that nitrate may have also been utilized in small amounts in addition 
to oxygen to facilitate complete CB oxidation. On the other hand, other potentially 
unquantified reduced compounds such as precipitated iron sulfide, may have also led to 
additional nitrate reduction in the aerobic zone (or in the short distance in the anaerobic 
zone between the 50% port and the oxygen injection port). While not conclusive, this 
observation provides some anecdotal support of Nestler and others’ paradigm, which may 
warrant additional study.   
3.4.8 Remediation Implications 
Results from this experiment have expanded our understanding of bioremediation 
potential at the OAI to include redox effects (NRC, SRC) as well as long-term stability in 
an unmodified system (BC).  In the Chapter 2 column experiments, we periodically 
increased the dose of influent NaLac into the column, which re-stimulated degradation 
activity. This caused some uncertainty whether degradation could be maintained long-term 
in an unperturbed system. Results from the BC, where influent conditions were held 
constant for nearly a year, showed high degradation stability over time at constant NaLac 
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input. Using sand as an inert growth matrix and a completely defined synthetic media, we 
conducted the experiment under a “base-case” scenario, where potential benefits of 
attachment [36] and additional nutrient availability [72] from sediment and site water were 
eliminated. In contrast to more site-specific experiments, this study should have high 
potential for reproducibility, with well-defined experiment parameters. One unexplained 
change observed in all columns was the shift to more methanogenic conditions in Phases 
IV and V. While it is possible that growth and species succession may have occurred slowly 
over the course of the experiment, we cannot eliminate the possibility that an unknown 
change in input or operating conditions may have perturbed all of the systems.  
The tracer test results demonstrated that the column hydrodynamics stayed 
generally stable over the entire column operation, without major changes in porosity or 
porewater velocity. Pore clogging due to biofilm development, gas evolution (e.g. N2, 
methane), and mineral precipitation are notable potential problems for biostimulated 
remediation strategies, leading to preferential flow outside of treatment areas and decreased 
contact time in bioactive zones [9, 73, 74]. In our experiment, this did not appear 
problematic based on stable hydraulic tests and CB degradation. However, effects could 
potentially be more problematic in less porous finer-grain media such as clay sediments 
found in wetlands and at higher substrate concentrations.   
Results from this experiment suggest that nitrate could be a viable amendment to 
aid aerobic degradation at OAIs. Nitrate injection has been used previously in field trials 
to stimulate anaerobic degradation for reduced contaminants such as BTEX at 
contaminated groundwater sites [8, 9, 75, 76]. However, use of nitrate as a remediation 
amendment in shallow wetland sites such as SCD must also be weighed against known 
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ecological and health concerns such as hypoxia and algal blooms in surface water as well 
as contamination of drinking water sources [77-79]. Nitrate is regulated to 10 mg/L NO3--
N  (0.7 mM) in drinking water by the EPA (MCL) due to known human health effects 
related to methemoglobinemia, especially in infants [79, 80]. Through careful oxygen 
demand measurements and amendment dosing, it may be possible to make highly 
anaerobic groundwater much more amenable to aerobic degradation at OAIs using nitrate. 
Excess sulfate present at a site would appear to be challenging for CB bioremediation 
remediation, especially if accompanied by high concentrations of reduced sulfur 
compounds. Nitrate has been used previously to remove sulfide generated at waste sites 
[75], and conceivably be used to oxidize reduced sulfur. However, the cost of impacts of 
the required dose must be considered.  
 While observed effects on degradation pathways were largely in agreement with 
concepts found for other contaminants such as TCE, the current remediation challenge is 
unique for CBs. With chlorinated ethenes, complete anaerobic reductive dechlorination to 
ethene is a feasible and desirable end-goal [81]. Therefore, there is incentive to further 
amend sites with electron donor to overcome competing electron acceptors and stimulate 
dechlorination. In contrast, bioremediation of CBs is currently contingent upon successful 
aerobic degradation. Results here emphasize that maximizing oxygen availability for CB 
degradation can drastically enhance remediation outcome. Prior studies have shown that 
vegetation [82-84] and groundwater saturation conditions [85] can have a profound impact 
on oxygen availability and aerobic CB degradation. Future research should consider how 
these factors can affect redox cycling in aerobic sites and potentially enhance CB 




• Anaerobic CB reductive dechlorination and aerobic CB degradation were maintained 
stably in a completely defined, controlled sand column system over a period of a year. 
Reductive dechlorination was characterized by low (<1%) utilization of dosed 
electron donor (0.55 mM NaLac) and relatively low degrees of reductive 
dechlorination activity. Residual products from “side-reactions” (sulfate reduction, 
acidogenesis, methanogenesis) exerted oxygen demand in the column aerobic that 
limited downgradient aerobic CB degradation.  
• Increased sulfate-reducing conditions in SRC were detrimental to anaerobic and 
aerobic CB degradation processes with limited electron donor input. Significant 
changes (p<.05) in steady-state performance were observed at doses of at least 0.5 
mM sulfate, and both pathways showed near-complete inhibition at 10 mM. Increased 
aerobic re-oxidation of reduced sulfur to sulfate appeared to outcompete aerobic CB 
degradation for limiting oxygen. 
• Increased nitrate-reducing conditions in NRC were detrimental to reductive 
dechlorination at doses of at least 0.5 mM nitrate and led to complete inhibition at 2.5 
mM. Preferential use of nitrate as an anaerobic electron acceptor prevented formation 
of competitive reduced substrates that could be oxidized in the aerobic zone. Under 
nitrate excess (2.5 mM), near complete aerobic degradation of 26.3 µM (3.8 mg/L) 
1,2,4-TCB occurred with residual oxygen still remaining in column effluent. Nitrate 
may be useful as an alternate electron acceptor for other site substrates to conserve 
limited oxygen available at OAIs for aerobic CB oxidation.  
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• Similar to findings in Chapter 2, reductive dechlorination of 1,2,4-TCB did not 
increase aerobic degradability in this experiment. Under optimal aerobic degrading 
conditions (NRC Phase IV), 95% of 1,2,4-TCB was degraded, with oxygen utilization 
(5.9 mol O2/mol CB) nearly equal to theoretical value of 6. More dechlorinated CBs 
require additional O2 to facilitate mineralization, suggesting a disadvantage of 
dechlorinated daughter products under oxygen-limited conditions. 
• Relative abundances of specific functionally-associated microbial genera in column 
porewater related to sulfate, nitrate, methane, and CB transformations were 
qualitatively reflective of the observed chemical shifts during operation. Spatial and 
inter-column differences for specific taxa were in agreement between biofilm and 
porewater samples at the end of the experiment (Phase V). However, overall 
community compositional structures were distinct between sample type, suggesting 
porewater taxonomic structure would not be reflective of the majority of microbial 
activity within biofilms.   
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in site water. Results from this study show that initial CB degradation in freshly amended 
GAC can be greatly impacted by a number of simple site factors. For field applications, 
these raise important considerations for bioremediation strategies involving GAC.  
4.2 Introduction 
Chlorobenzenes (CBs) are a class of chlorinated hydrophobic organic contaminants 
(HOCs) that form pools of dense nonaqueous phase liquid (DNAPL) in the subsurface that 
are difficult to delineate and remove compared to less dense contaminants such as gasoline 
and other hydrocarbons [1]. Spills often result in decades-long contaminant plumes due to 
the difficulty in treating the contaminant source zone. Sediments and soils also form a 
natural sink for HOCs such as CBs, which partition favorably from water into the organic 
carbon fraction, effectively becoming secondary sources of contamination [2]. Desorption 
over time from these contaminated materials can lead to bioaccumulation in biota and pose 
potential human health risks [3].  
Natural black carbon (BC) sources such as soot and coal, with sorption capacity 1 
to 2-log greater than the more abundant amorphous organic carbon (AOC), have substantial 
HOC-sequestration capacity within natural soils and sediments [4]. High surface area 
manufactured BC amendments such as granular activated carbon (GAC) have been actively 
investigated to manage contaminated sediments in aquatic environments [3, 5-9]. GAC and 
powdered AC have been shown to significantly reduce bioavailability and volatilization of 
CBs by 1-2 log when amended at 1% (wt) into contaminated soils [10]. Additionally, 
packed GAC beds have been shown to be effective systems to quickly immobilize and 
biodegrade CBs and other HOCs [5, 11, 12]. GAC and other black carbon amendments 
have been shown to be amenable to biofilm formation due to their high surface area, 
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making them suitable carriers for contaminant-degrading bacteria used in bioaugmentation 
[13-15]. Payne et al. (2013), for example, found that GAC inoculated with a combination 
of aerobic and anaerobic degraders was able to reduce harbor sediment polychlorinated 
biphenyl (PCB) concentrations of 8 mg/kg by 80% [14]. With the dual benefit of promoting 
sorption and degradative biofilm formation, there is great potential for in situ contaminated 
site remediation using GAC.  
Past research investigating the sorption mechanisms and biodegradation effects of 
GAC amendments in contaminated soils and sediments have primarily focused on well-
known polyaromatic hydrocarbons (PAHs), PCBs, and pesticides; these are ubiquitous 
global contaminants characterized by high hydrophobicity, sorption potential, and toxicity 
[7, 9, 14, 16-21]. Notably, irreversible sorption and slow desorption kinetics have 
consistently been shown to limit biodegradation in GAC and highly sorbent sediments [4, 
18, 22]. Research on the interactions between sorption and biodegradation of CBs at 
contaminated sites has been much more limited to empirical studies investigating 
degradation in soil [23-25] or pilot studies using flow-through columns [5, 26]. Though 
CBs share structural similarity to PCBs and PAHs, less chlorinated CBs (1-3 attached Cls) 
tend to be more soluble and partition less strongly to organic carbon by at least 1 order of 
magnitude [27]. Additionally, notable differences in degradation mechanisms and 
degradability between compound classes exist, such as recalcitrance of highly chlorinated 
PCBs to aerobic degradation [9]. Therefore, there is a need to investigate how CB 
degradation, in particular, is affected by sorptive matrices amended to contaminated sites.   
At the Standard Chlorine of Delaware Superfund site (SCD), wetland sediment and 
porewater was found to be highly contaminated with a mix of 1-3 CBs and benzene, with 
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measured total porewater concentrations up to 75 mg/L [28]. Dichlorobenzenes (DCBs), 
especially 1,2-DCB, were found to be major groundwater constituents; accounting for 
greater than half of the total CB mix in many different samples [28]. Application of 
bioaugmented GAC has been proposed as a possible remediation strategy within the 
shallow wetland sediments, with the potential to desorb CBs from contaminated sediment 
and intercept porewater CBs discharging to the surface. This could be achieved through 
mixing bioaugmented GAC with existing sediment or embedding it in a reactive barrier. 
The goal of this study was to determine the influence of simple site and amendment 
parameters on the biodegradation of CBs using freshly amended GAC. Using batch 
microcosms to simulate contaminated aerobic groundwater environments, we monitored 
the biodegradation of model contaminant 1,2-DCB over time. We investigated the 
influence of GAC loading, site sediment, inoculation scheme, pH, and supplemental 
organic carbon on the extent and kinetics of biodegradation. Results of this study offer 
insight into CB remediation outcomes associated with GAC.  
4.3 Methods 
4.3.1 Chemicals 
 1,2-DCB (99% purity) was purchased from Millipore Sigma (Burlington, MA). 
Inorganic anion analytical standards were purchased from Thermo Fisher Scientific 
(Waltham, MA). All reagent water used in experiments and analyses was distilled and 
treated with a Milli-Q® purification system (Millipore Sigma).  
4.3.2 Microcosm Preparation 
GAC used in the experiment (Calgon Filtrasorb F600) was sieved between 500 and 
1000 µm and autoclaved in a vacuum cycle for 30 minutes at 121 °C with a 20-minute dry 
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time. CB-free wetland sediment was sampled from SCD in 2016. Sediment was stored at 
4 °C until further processing. Sediment was prepared for the experiment by placing a 100 
g aliquot in a glass beaker and autoclaving in a liquid cycle for 30 minutes at 121 °C. It 
was subsequently oven dried for 24 hours at 105 °C and homogenized with mortar and 
pestle into a fine powder. Powdered sediment was dry sieved below 500 µm and dried in 
the oven for an additional 24 hours. Sediment was removed and stored at room temperature 
in a desiccator until use. Dry sediment amendments were weighed and added to their 
respective microcosm bottles during experimental setup. Sodium lactate and sodium 
benzoate amendments were prepared as 100 g/L stock solutions sterilized through 0.22 µm 
polyether sulfone syringe filters.  
Synthetic groundwater media was a previously described phosphate-buffered 
defined media with ammonium as a nitrogen source and additional trace metal and vitamin 
solutions (Chapter 1).  Media concentrations were 8.5 mg/L KH2PO4; 22 mg/L K2HPO4; 
33 mg/L Na2HPO4; 5.0 mg/L CaH4(PO4)2; 1.25 mg/L FeSO4·7H2O; 100 mg/L 
(NH4)2HPO4; 25 mg/L MgSO4·7H2O. Trace elements consisted of 1.0 mg/L MnSO4·4H2O; 
0.25 mg/L (NH4)6Mo7O24·4H2O; 0.25 mg/L Na2B4O7·10H2O; 0.25 mg/L CoCl2·6H2O; 
0.25 mg/L CuCl2·2H2O; 0.25 mg/L ZnCl2; 1.0 mg/L NaVO3 [29]. Vitamin concentrations 
were 0.1 mg/L pyridoxine-HCl; 0.05 mg/L thiamine-HCl; 0.05 mg/L riboflavin; 0.05 mg/L 
nicotinic acid; 0.05 mg/L biotin; 0.02 mg/L folic acid; 0.005 mg/L cobalamin; 0.05 mg/L 
p-aminobenzoic acid [30]. Prepared media were sterilized using 0.2 µm cellulose 
membrane vacuum filter units.  
Site groundwater was sampled from the SCD wetland site in 2014 and stored in the 
dark at 4 °C. Site water characteristics were measured immediately before experiments, as 
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follows: pH 4.60, 16.5 mg/L NO3-, 67 mg/L Cl-, 450 mg/L SO42-, and 1.46 mg/L TOC. No 
organic acids were detected.  
The inoculum culture was a semi-continuous aerobic batch reactor fed with a 
mixture of vapor-phase monochlorobenzene (MCB), 1,2-DCB, and 1,2,4-trichlorobenzene 
(1,2,4-TCB) previously described in Chapter 2. Aliquots from this reactor were used to 
inoculate microcosms within the same tests simultaneously either by seeding GAC 
granules or adding pelleted liquid culture directly to the media. For GAC seeding, 2 mL 
inocula were added to 5 mL sterile polypropylene centrifuge tubes containing prepared 
GAC. Tubes were vortexed for 5 seconds to remove evolved gas bubbles, capped, and 
stored upright at room temperature for 24 hours. Liquid culture was removed from the 
tubes by pipette, and the GAC was rinsed 3 times with the media to be used for the 
microcosm experiment. Pelleted liquid inocula were prepared by adding 2 mL liquid 
culture to sterile tubes and centrifuging for 5 minutes at 3197×g (Eppendorf 5810R). 
Culture supernatant was removed, and the pellets were resuspended in 0.25 mL of the 
media to be used for the microcosm experiment. During inoculation of the first degradation 
experiment, 5 mL of liquid culture were sampled, pelleted, and resuspended as 0.25 mL 
for DNA sampling. DNA was extracted using a Qiagen DNeasy® PowerSoil® 
(Germantown, MD) kit following manufacturer’s instructions. 16S rRNA from extracted 
DNA was amplicon sequenced in the same run and followed the sample upstream and 
downstream protocol as described in Chapter 3.  
4.3.3 Degradation Experiments 
Seven degradation experiments were designed to test different parameters of GAC 
amendment and aerobic degradation of 1,2-DCB over time. A summary of each 
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experiment, amendment conditions, and varied parameters is presented in Table 4.1. Batch 
microcosms were conducted in 250 mL amber borosilicate glass bottles sealed with screw 
caps containing removable polytetrafluoroethylene (PTFE) septa. Bottles and septa were 
cleaned, triple-rinsed with distilled water, and autoclaved before use. Each microcosm 
consisted of 150 mL liquid media with 100 mL nominal headspace. Unless otherwise 
noted, 0.2 g GAC was utilized as a baseline amendment condition for comparison. 
Microcosms were prepared with synthetic groundwater media or SCD site water and 
additional amendments (described below) for each specific experiment. All experiments 
were spiked with 5 mg neat 1,2-DCB, equivalent to a nominal aqueous concentration of 
33.3 mg/L. Degradation was tracked through the release of chloride into solution. 
Experimental microcosms were prepared and run simultaneously in duplicate unless 
otherwise noted.  
Experiments 1 and 2 tested the influence of GAC loading on biodegradation. 
Increasing doses of 0.02-1 mg were added to each microcosm, corresponding to 0.13 to 6.7 
mg/L GAC suspension and approximately 5-250 mg CB / g GAC loading. Experiment 1 
was conducted in synthetic media with seeded GAC while Experiment 2 was conducted in 
site water with a pelleted inoculum. Experiment 3 tested the mixture of GAC with site 
sediment with increasing ratios of sediment to GAC of 0 to 25 (g/g). This experiment used 
seeded GAC (0.2 g) and tested both synthetic media and site water. Experiment 4 tested 
potential benefits of supplemental organic carbon (OC) sources added to microcosms using 
sodium lactate and sodium benzoate as model aliphatic and aromatic compounds. Doses 
were chosen to provide OC content equivalent to the 0.5 and 5 g sediment microcosms 
from Experiment 2, with 1.7 and 17 mg total C respectively. This experiment used 0.2 g 
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seeded GAC in synthetic media.  Experiment 5 tested the potential for biodegradation of 
site water with seeded GAC (0.2 g) under varied site water pH values of 3, 4.6 (unadjusted), 
7, 10, and 12. pH was adjusted with either NaOH or H2SO4 and subsequently re-filtered 
through a 0.2 µm vacuum filter. Experiments 1-5 were all conducted in parallel using the 
same subsample of the inoculum culture.  
Experiments 6 and 7 were conducted in parallel as a follow-up to the previous 
experiments. Experiment 6 tested the influence of increasing sediment dose in microcosms 
without GAC. Sediment doses of 0 to 50 g (0-333 g/L) were tested using a pelleted 
inoculum. Experiment 7 tested the influence of increasing inoculum concentrations on 
biodegradation using clean GAC. Volumes of 0.002 to 20 mL of inoculum were pelleted, 
resuspended, and amended directly to the microcosm bottles as described previously. 
Subsamples of the inoculum culture were taken 2 months after experiments 1-5, which may 
have caused some variation in the specific activity and composition of CB degraders in the 
inoculum between these two experimental datasets. 
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Table 4.1. Summary of microcosm degradation experiments (modified conditions in bold) 
Experiment 1: GAC Loading GAC Amendment 0, 0.02, 0.05, 0.2, 1 g 
 (GAC Load) 0, 0.13, 0.33, 1.3, 6.7 mg / L 
 (Sorption Density) 0, 250, 100, 25, 5 mg CB/ g GAC 
 Media Synthetic 
 Inoculation Seeded 
   
Experiment 2: GAC Loading GAC Amendment 0.02, 0.05, 0.2 g 
 (GAC Load) 0.13, 0.33, 1.3 mg / L 
 (Sorption Density) 250, 100, 25 mg CB/ g GAC 
 Media Site 
 Inoculation 2 mL Pelleted 
   
Experiment 3: Sediment to GAC Ratio GAC Amendment 0.2 g 
 Sediment Amendment 0, 0.05, 0.5, 5, .5 (no GAC) g 
 (Sediment:GAC Ratio) 0, 0.25, 2.5, 25, ∞ g/g 
 Media Synthetic + Site 
 Inoculation Seeded 
   
Experiment 4: Supplemental Carbon GAC Amendment 0.2 g 
 Supplemental Carbon 
1.7, 17 mg C as Lactate and 
Benzoate 
 Media Synthetic 
 Inoculation Seeded 
   
Experiment 5: Site Water pH GAC Amendment 0.2 g 
 pH Adjustment Unadjusted (4.6), 3, 7, 10, 12 
 Media Site 
 Inoculation Seeded 
   
Experiment 6: Sediment Loading GAC Amendment None 
 Sediment Amendment 0, 0.05, 0.5, 5, 50 g 
 (Sediment Load) 0, 0.33, 3.3, 33, 333 g/L 
 Media Synthetic 
 Inoculation 2 mL Pelleted 
   
Experiment 7: Inoculum Dose GAC Amendment 0.05 g 
 Media Synthetic 
 Inoculation 0.002, 0.02, 0.2, 2, 20 mL Pelleted 





For each degradation experiment, designated media and amendments were added 
to microcosm bottles, excluding DCB. Bottles were sealed, shaken for 2 hours at 150 rpm 
to equilibrate amendments, and sampled using the protocol described below as a baseline 
measurement (zero timepoint). Each bottle was subsequently spiked with neat 1,2-DCB, 
immediately sealed, and returned to the shaker for 36 hours at 150 rpm to ensure complete 
CB dissolution. Bottles were again sampled, including a porewater CB measurement, to 
determine the extent of dissolution and CB sorption. GC-MS results indicated high sorption 
in each GAC-amended microcosm, with at least 88% of total CB mass sorbed. After 
preparation, bottles were stored horizontally on temperature controlled orbital shakers 
(New Brunswick Scientific Innova 4000). Bottles were shaken at 100 rpm at a 25 °C to 
ensure complete mixing and oxygenation in the liquid media and sampled at regular 
intervals. 
At each sample point, bottles were removed from the shaker and stored upright on 
the lab bench for 1 hour. Sample bottles were opened and 1 mL of liquid media was 
removed by micropipette into sterile 1.5 mL microcentrifuge tubes. When bottles were 
sampled directly for GC-MS analysis, liquid was directly transferred to extraction vials for 
analysis. Bottles were re-capped and returned to the shaker. Microcentrifuge tubes were 
capped and centrifuged for 2 minutes at 13362×g (Eppendorf 5810R). Avoiding any 
pelleted material, an aliquot of these samples (0.1-0.5 mL depending on dilution) was 
transferred to ion chromatography (IC) autosample vials for immediate analysis. pH was 
intermittently measured using the sample liquid remaining in the tubes.  
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4.3.4 Analytical Methods 
Chloride was analyzed by IC as described previously in Chapter 3.  Immediately 
prior to IC analysis, samples were filtered in-line through 20 µm PolyVial filter caps. 
Concentration values were quantitated linearly between 0.1-30 mg/L. Higher concentration 
samples were diluted within this calibration range, and lower concentrations were treated 
as 0 during analysis. 
 Aqueous-phase 1,2-DCB was measured by Gas Chromatography - Mass 
Spectrometry using the protocol described in Chapter 2. After sampling, analytes were 
immediately extracted into cyclohexane and were stored at 4 °C until analysis. 
Concentrations above the 10 mg/L linear calibration limit were diluted and below the 0.05 
mg/L limit were treated as 0.  
pH was measured directly in microcentrifuge tubes using a semi-micro combination 
probe (Thermo Fisher Orion 9103BNWP) after removing samples for chemical analysis. 
The probe was calibrated immediately before each measurement using a 3-point curve (pH 
4, 7, 10).  
Sediment total organic carbon (TOC) was measured using a Shimadzu 5000A TOC 
Analyzer with a Solid Sample Combustion Unit (SSM-5000A) as described by Grossman 
and Ghosh [31]. The texture of the sediment, a hydric soil, was measured in triplicate using 
a micropipette method as described by Miller and Miller [32]. 
GAC surface area was measured by gas adsorption isotherm using a Micromeritics 
ASAP 2010 instrument (Norcross, GA). Samples were degassed at 300 °C for 3 hours, in 
accordance with other activated carbon studies [33, 34]. The instrument was operated using 
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standard settings for carbon black. Nitrogen adsorption data at 77 K from the relative 
pressure range of 0.01-0.1 were used to calculate surface area according to the Brunauer, 
Emmet, and Teller (BET) isotherm [35]. Surface area measurements were performed in 
technical duplicate.  
4.3.5 Calculations 
Degradation of 1,2-DCB at a given timepoint 𝐷𝑡 was calculated as the difference 
between the total mass of chloride released at time t (𝑀𝐶𝑙−,𝑡)  and the initial chloride mass 
(𝑀𝐶𝑙−,0) measured at time 0 converted to mass of DCB (Equation 4.1). This calculation 
assumed 1 mol of 1,2-DCB degraded per 2 mol Cl- released.  
Equation 4.1 








−] × 𝑉0 
Equation 4.2 
𝑀𝑡 = [𝐶𝑙𝑡





𝑀𝐶𝑙−,𝑡 was not simply calculated on the basis of concentration measured in solution at the 
time because the fraction of chloride removed during previous sampling events would not 
be accounted for. To correct for this small mass loss, the cumulative mass of chloride 
removed during each prior sampling event (based on prior concentration measurements) 
was added to the measured mass in solution to more accurately represent the total chloride 
release associated with 1,2-DCB degradation (Equation 4.2). To calculate percent extent 
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of degradation (%), concentrations were normalized to the initial 5 mg spike added in each 
microcosm. All reported ± values represent 1 standard deviation.  
 Degradation kinetics were modeled using a modified first-order rate of production 
equation, tracking the total mass of 1,2-DCB degraded over time (Equation 4.3). P is the 
predicted mass degraded at a given time (mg), A is the asymptotic maximum theoretical 
mass degraded (mg), k (days-1) is the first-order rate constant, and t is the time (days). A 
lag term λ (days) was added to model data that did not immediately degrade.  
Equation 4.3 
𝑃 = 𝐴[1 − exp(−𝑘(𝑡 − 𝜆))] 
Data from individual microcosms were fit to the model using nonlinear least-squares 
regression using the R package minpack.lm, which implements the Levenberg–Marquardt 
algorithm [36]. For most degradation curves, which did not show lag, λ was constrained to 
0. For those with an apparent lag period, timepoints with 0 degradation were excluded from 
regression analysis and positive λ values could be calculated. Initial mineralization rates 
(IMRs) were calculated based on k and A in terms of mg/day (Equation 4.4).  
Equation 4.4 
𝐼𝑀𝑅 = 𝑘 × 𝐴 
4.4 Results and Discussion 
4.4.1 Amendment Characterizations 
Sequencing of the inoculum culture yielded 52 unique features at a filtered sample 
depth of 154,845 reads with a Shannon diversity index of 1.88. Figure 1 shows the genus-




negligible, evidenced by no 1,2-DCB degradation in a pair of uninoculated microcosms 
containing 0.5 g site sediment and 0.2 g GAC in synthetic groundwater (see Figure 4.4a).  
4.4.2 GAC Loading 
CB degradation under varied clean GAC loads in synthetic media (Experiment 1) 
are shown in Figure 4.2. Overall degradation under the baseline condition of 0.2 g GAC 
amendment (used for comparison in other experiments) was low, with only 6% ± 1% of 
the initial 5 mg 1,2-DCB mineralized after 63 days. This was unexpectedly low compared 
to results from a preliminary experiment under similar conditions, where a higher 10 mg 
1,2-DCB spike with 0.2 g GAC yielded 38% mineralization over a 56-day period (data not 
shown). In Experiment 1, increased GAC loading led to a decrease in the final extent of 
degradation and apparent rate (Figure 4.2a; discussed in Section 4.4.7). 95% ± 1% of 1,2-
DCB was degraded under the lowest 0.02 g GAC, while no significant degradation (1% ± 
2%) occurred at 1 g GAC dosing. No degradation occurred in the absence of GAC in the 
synthetic media. While this may have been an effect of toxic inhibition at high aqueous 
1,2-DCB concentrations (33 mg/L), the results were surprising since the inoculum culture 
used the same synthetic media tested here. In other tested conditions, there was an apparent 
lag period before degradation began, which increased with increasing GAC dose. Closer 
inspection of the initial region (Figure 4.2b) showed this lag to be a convex phase of the 
degradation curve, which later inflected into a largely concave curve for the remainder of 
the time series. This lag has frequently been observed by other mineralization studies and 
has been attributed to a period of microbial community acclimation and cell growth before 




Figure 4.2. Experiment 1: Mineralization of 1,2-DCB in microcosms containing increasing loadings of 
inoculated GAC in synthetic groundwater media. (A) Total time-series. (B) Higher-resolution view of initial 
degradation patterns. 
Experiment 2 tested increasing GAC dose in site water, but with equal volumes of 
pelleted inocula added (Figure 4.3). Degradation measurements in site water generally 
showed higher variability between timepoints and microcosm replicates than synthetic 
media, which can primarily be attributed to the higher baseline chloride (67 mg/L), 
necessitating a 5× sample dilution before IC analysis. Here, there was nearly identical 
degradation at 0.02 and 0.05 g GAC (71%), which were more than double the 0.2 g 
degradation (29% ± 24%) (Figure 4.3). In contrast to the synthetic media in Experiment 1, 
degradation in site water in the absence of GAC proceeded to near completion (92% ± 1%). 
This suggests better acclimation of inoculum degraders to site water or some unknown 




Figure 4.3. Experiment 2: Mineralization of 1,2-DCB in site water microcosms containing increasing 
loadings of uninoculated GAC inoculated with equal volumes of pelleted inoculum  
 
Table 4.2. Measured aqueous-phase 1,2-DCB concentration at the beginning of degradation experiments 




 (2-day post-spike) 
0 g GAC 37.19 ± 1.81 
0.02 g GAC 3.83 ± .09 
0.05 g GAC 0.10 ± .01 
0.2 g GAC (Baseline) BDL b 
1 g GAC BDL b 




 (2-day post-spike) 
0 g GAC 33.28 ± 1.01 
0.02 g GAC 0.71 ± .85 
0.05 g GAC 0.09 ± .01 
0.2 g GAC (Baseline) BDL b 




 (2-day post-spike) 
All Sediment + GAC Treatments BDL b 
   
Experiment 6: 
Sediment Load  
 (1-day post-spike) 
0 g Sediment (No GAC) 35.42 ± 2.15 
0.05 g Sediment (No GAC) 27.44 ± 12.02 
0.5 g Sediment (No GAC) 32.78 ± 1.38 
5 g Sediment (No GAC) 21.39 ± 1.14 
50 g Sediment (No GAC) 4.38 ± .28 * 
   
Experiment 7: 
Inoculation Dose 
 (2-day post-spike) 
All Treatments <0.22 
a. n=2 microcosms; ± 1 SD 
b. Below Detection Limit (<.05 mg/L) 
* Substantial degradation already occurred at this sample point 
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Biodegradation and bioavailability of HOCs has more often been associated with 
aqueous-phase concentrations than with sorbed-phase concentrations [4, 19, 22, 48]. 
Aqueous concentrations of DCB were measured 2-days after the initial spike in order to 
make a coarse estimate of available equilibrium concentrations (Table 4.2). Predictably, 
the greatest aqueous concentrations were present at the lowest GAC loadings. With the 
exception of the synthetic media microcosms without GAC, the extent of degradation 
generally appeared to increase with increasing aqueous concentration (0 g GAC > 0.02 g 
> 0.05 g > 0.2 g) between Experiments 1 and 2. While not quantitative in nature, this does 
suggest that degradation and aqueous concentrations were interrelated. If biodegradation 
is dependent on aqueous-phase concentrations, then the low CB degradation observed 
under increasing GAC amendment may be explained by sorption mechanisms. Under a 
constant 5 mg CB spike, the density of sorbed CB per surface area unit of GAC decreased 
with increasing GAC dose in our experiment (Table 4.1). At lower sorption densities, a 
higher fraction of contaminant may sorb to high energy sites, which in turn lead to 
irreversible sorption or slow desorption kinetics [4, 49, 50]. Similar phenomena were 
observed by others in regeneration of GAC beds [49] and in a GAC biofilm reactor [51], 
where greater bioregeneration and biodegradation of sorbed contaminants were observed 
at higher loading concentrations (greater sorbed density). This may also explain why nearly 
10-fold more DCB was degraded in the preliminary experiment spiked with 10 mg 1,2-
DCB instead of 5 mg, as most of the lower spike may have been desorption-resistant. These 
results highlight a potential tradeoff of excess sorption capacity, where low fluxes of CB 





eliminated as a possibility, as the uninoculated microcosm containing 0.2 g GAC and 0.5 
g sediment showed no degradation activity over the course of the experiment (Figure 4.4a). 
In contrast to the GAC-only microcosms in Experiment 1, there was no visible initial 
degradation lag in the synthetic media microcosms with the addition of sediment, 
suggesting that sediment addition beneficially reduced the acclimation phase of bacteria.   
Decreased degradation rates and extents of HOCs in GAC and soil slurry tests have 
been reported by others [7, 17]. Rhodes et al. (2010) reported significant reductions in 
phenanthrene mineralization at GAC doses greater than 0.1% (1000:1 sediment:GAC) at 
constant soil loads [7]. Interestingly, that study also found that soils with high organic 
carbon content had increased mineralization at the same GAC dose. It was suggested that 
soil OM may compete for sorption sites and block pores within GAC, decreasing sorption 
capacity and increasing the bioavailability of HOCs, similar in manner to reduction in 
sorption capacity of “aged” BC [7, 52, 53]. This competitive sorption with sediment OM 
could potentially explain the increased degradation observed at higher sediment loads. On 
the other hand, all amendments and DCB were introduced into our microcosms 
simultaneously, leaving little time for GAC to become preloaded with organic matter. 
Additionally, it does not explain the rapid, complete mineralization in the presence of 
sediment without GAC (Figure 4.4a). All aqueous CB concentrations measured in GAC-
amended microcosms from Experiment 3 were below detection limits, so no variations in 
porewater concentrations were noted (Table 4.2). Alternatively, a simple explanation for 
enhanced degradation is that unidentified sediment-associated nutrients and growth factors 
stimulated the CB degraders. Considering that the sediment in this study was sampled from 
a location where previous microbial attenuation may have occurred, residual decayed 
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biomass may have provided a rich source of growth media beneficial to the augmented 
degrader population.   
 
Figure 4.5. Experient 6: Mineralization of 1,2-DCB in microcosms containing increasing loadings of 
sediment without GAC in synthetic groundwater media.  
 
Experiment 6 followed-up on the results of Experiment 3 to examine the effects of 
increasing sediment dose on degradation in the absence of GAC. Results, presented in 
Figure 4.5, show that order of magnitude increases in sediment addition, from 0.05 to 50 g 
sediment per bottle, led to apparent increasing rates of CB degradation. After only 8 days, 
all sediment addition conditions showed nearly complete mineralization. The final extent 
of mineralized mass was overestimated beyond 5 mg in the 50 g and 5 g sediment treatment 
due to high solids and chloride content causing variability in chloride measurements; 
however, these treatments quickly stabilized at these maximum values and were assumed 
to be 100% mineralized (Figure 4.5). Increased sediment dose also appeared to decrease 
the initial convex lag portion of the degradation curve.  
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There have been conflicting reports in the literature of the effect of soil and 
sediment amendment on degradation rates. Some studies have found that increasing soil 
loads increased the total amount of HOCs sorbed to soil, which decreased the 
bioavailability and degradation of HOCs [19, 25].  However, others have found enhanced 
degradation in the presence of soils [6, 18, 23, 24, 46]. Lee et al. (2009) found a similar 
stimulatory effect to our results on MCB degradation with increasing fractions of soils 
added to liquid microcosms; however in a second tested soil, there was no such additive 
benefit beyond an initial dose to a soil-free microcosm [23]. It has been suggested by others 
that direct interaction between biofilm-forming microorganisms and soil particles may 
contribute to the increased observed degradation [6, 16, 54]. Specifically, biofilm-forming 
strains of Sphingomonas (a genus identified in our inoculum) and Pseudomonas were 
found to aggregate onto soil particles in slurry microcosms contaminated with PAHs [16, 
18]. It was hypothesized that these biofilm-formers could directly access sorbed HOCs, 
which were more concentrated in soil than in aqueous phase, and degrade the highly 
concentrated contaminant more quickly [54]. This may explain the discrepancy in results 
between various studies, as microbial physiology has not commonly been investigated in 
mineralization studies. In Experiments 3 and 6, greater sediment loads may have enhanced 
degradation by increasing the total fraction of sediment-sorbed CBs, making CBs readily 
accessible to biofilm-forming degraders such as Sphingomonas. However, this would need 
to be confirmed in follow-up studies investigating the distribution of microorganisms 
between aqueous, GAC, and sediment phases.  
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4.4.4 Supplemental Carbon 
Another potential explanation for sediment-enhanced CB degradation was the 
presence of additional labile organic carbon to stimulate CB-degrading microorganisms, 
which has been suggested by others [7, 16]. Though we did not distinguish labile from 
recalcitrant carbon here, each gram of amended sediment contained 33.9 mg C compared 
to 2.4 mg C added from the 5 mg DCB spike. This may have enhanced the initial biomass 
density of CB degraders and facilitated higher initial CB degradation rates. CB degraders 
grown on benzoate were previously shown by others to rapidly biodegrade CBs [55]. 
 
Figure 4.6. Experiment 4: Mineralization of 1,2-DCB in microcosms containing supplemental dissolved 
organic carbon sources compared to unsupplemented GAC microcosm in synthetic groundwater media.  
To test this hypothesis, we amended simple readily-degradable model aliphatic 
(lactate) and aromatic (benzoate) compounds to sediment-free GAC microcosms to 
determine if any substrate-based enhancement was present. Two doses of each compound 
were amended separately – 1.7 (low dose) and 17 mg (high dose) organic C, equivalent to 
the TOC content in 0.05 and 0.5 g sediment respectively. Benzoate and lactate were 
completely degraded in all tested microcosms within the first 4 days (data not shown). CB 
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degradation during this test, compared to the baseline GAC condition, did not show a 
significant difference with either benzoate treatment or the low lactate treatment (Figure 
4.6). The high lactate (17 mg) did show a significant (p<.05) 2-fold increase in CB 
degradation compared to the baseline. This treatment, however, had only ¼ of the 
enhancement present in the 0.5 g sediment dose. Considering the low sample size of the 
treatment (n=2), high relative standard deviation in the high lactate treatment (32% at the 
final timepoint), and lack of corroborating evidence from other supplemental C 
amendments, the data do not appear to support the hypothesis that supplemental labile 
carbon stimulated degradation. However, due to the complex structure of natural organic 
matter and the potential presence of natural aromatic analogs to CBs such as PAHs in soils, 
we cannot eliminate the possibility that degradation of sediment-bound organic matter 
could have provided a potential benefit as a substrate.  
4.4.5 pH Effects 
Overall, degradation of CBs in all microcosms did not result in substantial changes 
in pH over time. Synthetic media microcosms, which were well-buffered by phosphate, did 
not exhibit substantial changes in pH. The greatest microcosm pH change occurred in 
synthetic media dosed with 0.02 g GAC (Experiment 1), where pH decreased from 7.73 to 
6.73 (Table 4.3). In the previous experiments, no noticeable pH effects appeared to inhibit 






Table 4.3. Measured pH change in select microcosm conditions and Experiment 5 











(Final - Stabilized) 
Synthetic 
.2 GAC Baseline 
7.46 
7.47 ± .04 7.39 ± .03 7.33 ± .02 -0.07 ± .05 
.02 GAC 7.49 ± .01 7.37 ± .01 6.73 ± .01 -0.64 ± .00 
5 Sed 5.64 ± .03 6.04 ± .04 6.04 ± .04 0.00 ± .07 
       
Site 
.2 GAC Baseline 4.60 4.79 ± .01 5.06 ± .04 4.89 ± .12 -0.16 ± .10 
pH 12 11.94 11.83 ± .02 11.68 ± .01 11.87 ± .00 0.19 ± .01 
pH 10 10.08 9.56 ± .03 9.17 ± .14 8.95 ± .22 -0.23 ± .08 
pH 7 6.91 6.92 ± .04 6.89 ± .01 7.20 ± .01 0.31 ± .00 
pH 3 3.37 3.86 ± .11 4.08 ± .12 4.05 ± .10 -0.03 ± .02 
a. pH measurement after DCB dissolution and additional equilibration between microcosm amendments  
In Experiment 5, site water pH was adjusted to determine whether certain pH ranges 
may have limited biodegradation potential. A single contaminated site can have highly 
variable subsurface pH, potentially limiting a single bio-amendment strategy. At the SCD 
site, for example, measured pH varied from 3.6 to 6.8 [28]. Most laboratory examinations 
of aerobic CB degraders have been conducted at circumneutral pH, with some observed 
decrease in degradation activity with acidifying pH [56, 57]; however alkaliphilic CB 
degraders have also been described elsewhere [58]. The inoculum bioreactor fluctuated in 
pH between 4 and 8, as media self-acidified through CB degradation and was occasionally 
neutralized to prevent the culture from crashing. It was hypothesized that this pH 
fluctuation would select for a robust CB-degrading community tolerant of a wide range of 
pH conditions. The addition of GAC, with ionizable sites and buffering capacity, appeared 
to move the initial adjusted pH to more circumneutral pH, with changes of 0.02-0.91 after 




Figure 4.7. Experiment 5: Mineralization of 1,2-DCB pH-adjusted site water microcosms containing 0.2 g 
inoculated GAC.  
Results of degradation in each adjusted site water condition are presented in Figure 
4.7. There was high measured concentration variability across sample replicates and time 
points in most sample conditions. However, there was a significant bifurcation in end-point 
results between pH conditions. Degradation in adjusted media at pH 3 occurred to nearly 
the same extent (20% ± 2%) as the unadjusted site water (pH 4.6; 18% ± 5%). However, 
degradation at pH 7, 10, and 12 was significantly lower (<4%). In all treatments, pH did 
not drop more than 0.16 (Table 4.3). Results here confirm that substantial degradation can 
occur in site water with a pH as low as 4 (post-GAC stabilization). Additionally, synthetic 
media experiments confirm degradation can occur at a pH of 7.5 (Table 4.3). However, 
these results may not exclude the potential for the inoculum to degrade at higher pH values. 
During initial pH adjustment for the pH 10 and 12 conditions with NaOH, there was visible 
flocculation in solution leading to a collection of rust-colored precipitate on the vacuum 
filter membranes. NaOH addition may have led to the precipitation of dissolved iron as 
iron-hydroxide, potentially removing iron or important nutrients or constituents (such as 
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NOM) from solution. Follow-up experiments may consider the use of a chelating agent to 
isolate direct pH effects and prevent inadvertent loss of site water constituents.  
4.4.6 Inoculum Dose 
Experiment 7 attempted to determine the effects initial inoculum dose may have on 
initial CB degradation. Our previous experiments either used constant volume of pelleted 
inoculum or seeded inoculum that was proportional to the available GAC surface area. 
Inoculum volumes spanning 4 orders of magnitude were tested, from 0.002 to 20 mL, 
normalized to equal spiking volumes. With prior knowledge that baseline degradation at 
0.2 g GAC amendment was low, a lower 0.05 g GAC amendment was used for these 
microcosms.  
 
Figure 4.8. Experiment 7: Mineralization of 1,2-DCB in microcosms containing 0.05 mg GAC and 
separately inoculated with increasing volumes of inoculum culture (pelleted and re-suspended to equal 
volumes) in synthetic groundwater media. 
Results over 52 days are presented in Figure 4.8. No degradation occurred at 0.002 
mL inoculum. At concentrations greater than 0.002 mL, there appeared to be a lag period 
that decreased with increasing dose. Degradation from the 0.2 mL to 2 mL spikes were the 
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only exception, with nearly identical degradation curves. Rousseaux et al. (2003) observed 
similar decreased lag with log increases in inoculation dose for degradation of atrazine in 
four different soils [21]. At approximately day 10, the 20 mL treatment showed an 
inflection that likely indicated a shift from growth-limited degradation to substrate limited 
degradation (Figure 4.8). The degradation curve appeared convex in all doses except the 
20 mL dose and did not appear to shift to a concave shape within the course of the time-
series. The shapes of these degradation curves were not conducive to first-order modelling 
within the observed time period and no inferences could be made about how dose would 
affect the ultimate extent of degradation. However, the observed trends here suggest higher 
inoculum dose can substantially decrease degradation lag time upon initial amendment.  
Past studies have noted that low native populations of HOC-degrading organisms 
may be unable to reach high enough biomass density to effectively remediate highly 
contaminated sediments when the majority of HOC was sorbed and not bioavailable to 
support growth of degraders [21, 48]. Consequently, bioaugmentation of degraders above 
some minimum threshold may be required for degradation to proceed on a reasonable 
timescale. In our model experiment, substantial degradation took less time to initialize with 
increasing inoculum dose. At the 0.002 mL dose condition, degradation was likely 
ongoing, but occurring at levels below detection due to small initial degrader populations. 
Needham et al. (2019) noted that there may be an upper limit to the effectiveness of 
inoculation dosages for highly sorbed contaminants, where the metabolic rate of microbial 
degradation exceeds the desorption mass transfer rate of the contaminants [48]. In this case, 
it may be possible to over-inoculate a contaminated site with degrading culture. Several 
studies have noted that biofilm-forming organisms may potentially overcome apparent 
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desorption rate limitations from sorbent to aqueous phase through direct contact with solid 
surfaces [6, 16, 18, 54]. One proposed mechanism was the production of biosurfactants 
that increased mass transfer [6]. Another more generalized mechanism was that utilization 
of HOCs closer to the surface of GAC may create greater concentration gradients that 
promote desorption [54]. As mentioned previously, specific physiological characteristics 
of inocula may have an impact on the rate and extent of sorbed contaminant equal to or 
greater than the quantity of degrader present, and warrant further consideration.  
4.4.7 Kinetic Modeling 
We attempted to fit time-series data to the first-order degradation model described 
in Equation 4.3 (Figure 4.9). For GAC microcosms with substantial mineralization ( >1 
mg), there was generally good fit between the model and the data (Figure 4.9a-c). However, 
high noise in the site-water microcosms and other samples with low mineralization made 
model fitting difficult (Figure 4.9d-h). Additionally, the presence of initial lag and convex 
portions of degradation curves did not lead to good experimental fits (Figure 4.9g-h). 
Adding a lag term to the model helped to increase fit where there were numerous datapoints 
available after the lag (Figure 4.9a). We calculated and presented the fitted model 
parameters for Experiments 1 and 3 (Table 4.4), where there was excellent model fitting 
for nearly all tested conditions (Figure 4.9a-c). The parameters A (maximum theoretical 
degradation) and k (first-order rate coefficient) accurately described the observed 
degradation in microcosms where the real extent of degradation was above 1 mg (Table 
4.4). In microcosms with less mineralization, these parameters lacked physical significance 
and merely represented the best possible parameterized fit by the solver. Initial 
mineralization rates (IMRs), determined as the product of k and A more closely followed 
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the observed degradation trends between conditions. In clean GAC systems (Experiment 
1), IMRs decreased nearly 2-log from 0.347 mg/day with 0.02 g GAC to 0.006 mg/day 
with 0.2 g GAC. Sediment addition to GAC (Experiment 3) increased IMRs from 0.006 
mg/day (0 g) to 0.253 mg/day (5 g) in synthetic media and from 0.014 mg/day (0 g) to 
0.238 mg/day (5 g). The maximum observed IMR from these experiments occurred in 
microcosms containing 0.5 g sediment without GAC, 1.22 mg/day (Table 4.4).  
Table 4.4. First-order model degradation parameters for Experiments 1 and 3 




1st Order Model Parameters IMR c 
(mg/day) A (mg) k (1/day) λ (day) RMSE b 
1 










0 g GAC 0.0 ± .0 na na na na na 
0.02 g GAC 4.8 ± .1 4.9 ± .0 0.071 ± .002 6.5 ± .2 0.002 0.347 ± .010 
0.05 g GAC 2.5 ± .1 5.9 ± .2 0.011 ± .000 9.7 ± .2 0.002 0.062 ± .003 
0.2 g GAC 0.3 ± .1 3.6 ± 4.5 0.011 ± .014 0.0 ± .0 0.0001 0.006 ± .001 
1 g GAC 0.0 ± .1 0.1 ± .1 0.110 ± .127 20.0 ± 5.1 0.0004 0.007 ± .004 












0.5 g Sed 
(Uninoculated) 0.0 ± .0 na na na na na 
0 g Sed 0.3 ± .1 3.6 ± 4.5 0.011 ± .014 na 0.0001 0.006 ± .001 
0.05 g Sed 0.7 ± .2 0.8 ± .2 0.039 ± .005 na 0.0006 0.032 ± .005 
0.5 g Sed 1.2 ± .9 1.3 ± .8 0.046 ± .027 na 0.0091 0.059 ± .007 
5 g Sed 3.0 ± .8 2.8 ± .9 0.089 ± .014 na 0.026 0.253 ± .051 
0.5 g Sed (No 
GAC) 5.3 ± .1 5.3 ± .2 0.229 ± .058 na 0.229 1.216 ± .347 






 0 g Sed 0.9 ± .2 8.0 ± .0 0.002 ± .001 na 0.065 0.014 ± .006 
0.05 g Sed 0.7 ± .2 4.2 ± 5.4 0.039 ± .052 na 0.016 0.021 ± .010 
0.5 g Sed 3.2 ± 1.8 1.8 ± .0 0.065 ± .011 na 0.023 0.118 ± .021 
5 g Sed 3.2 ± .3 2.8 ± .2 0.085 ± .010 na 0.031 0.238 ± .043 
a. Measured degradation at the end of the 63-day experiment 
b. Average modeled parameters from replicate microcosms ± 1 SD 
c. Root mean square Error = √𝑚𝑒𝑎𝑛(𝑅𝑒𝑠𝑖𝑑𝑢𝑎𝑙𝑠2) 





 This modeling effort highlighted the difficulty in capturing kinetic parameters that 
accurately and universally described degradation throughout all of the tested microcosm 
conditions. In particular, the first-order model appeared inadequate in describing 
microcosms with relatively low overall degradation. The application of a lag term into the 
model improved curve fitting, but also relied on manual selection of initial datapoints for 
exclusion. Most importantly, the model did not capture the initial convex lag phase at the 
beginning of many of the tested microcosms. Other models may capture these details more 
accurately. The Gompertz equation, for example, is a sigmoidal equation with lag, rate, 
and final extent terms that has been shown to accurately capture growth-associated 
degradation of contaminants such as pesticides [21, 59]. An even more complex model, the 
three-half-order model, combines both second-order growth and substrate-associated 
kinetics with first-order substrate-only kinetics and has been shown to fit well to 
degradation curves with a lag [60]. These models, however, were not evaluated for this 
dataset.  
4.4.8 Bioremediation Implications 
Results from this study raise several considerations for bioremediation applications. 
Our tests showed that generally, the initial biodegradation in clean systems amended with 
GAC was low. Although observed degradation in our 0.2 g GAC base case was 
significantly higher in site water (18% ± 5%) compared to synthetic media (6% ± 1%), 
both test systems showed decreasing extents of mineralization with increased GAC 
amendment. This suggests that much of the initially sorbed CB may be unavailable to 
biodegradation. At a contaminated site, low substrate availability may cause inoculated 
degraders to die or slough off of GAC before reaching sustainable cell densities. This could 
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potentially be countered by initially seeding GAC with high cell densities of degraders, 
which could decrease the lag before observed degradation.  
The placement and mixture of GAC relative to sediment at a contaminated site 
could also impact degradation. Our tests showed that in a well-mixed system, contact with 
SCD site sediment stimulated 1,2-DCB degradation. In more static field conditions, this 
suggests that mixing GAC directly with site sediment may impart similar benefits in situ. 
In contrast, applying GAC mixed in an inert sand barrier may lead to conditions more 
similar to our cleaner GAC system. Oxygen limitations, not considered in this study, would 
also be a crucial determinant of remediation outcome. The availability of oxygen has been 
shown to control the extent of aerobic remediation in field systems [61-64] and in our 
research (Chapters 2-3). Amendment of GAC into water-saturated sediments may not 
facilitate aerobic biodegradation as effectively as application in unsaturated sediments with 
greater oxygen availability. Additionally, sediments containing high DOC may reduce the 
available oxygen for CB degraders.  
More broadly, the nature of contamination and management goals must be 
considered when amending GAC to a site. If the flux of contaminants is low relative to 
GAC sorption capacity, the GAC may simply act as a “polishing” step to sorb residual 
contaminant and sequester it to a less bioavailable phase [3]. This could be a viable long-
term management strategy that may not require consideration for biodegradation or 
regeneration. On the other hand, for more highly contaminated sites with a persistent flux 
of contaminant, GAC could quickly become overloaded beyond its sorption capacity. In 
this case, facilitating adequate biodegradation of sorbed contaminant would be crucial to 
regenerate GAC sorption capacity and decrease downgradient concentrations to an 
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acceptable level. In the latter case, studies like this provide valuable insight to optimize 
biodegradation rates in sorptive systems.  
 While these tests provide useful empirical observations, future studies on CB 
degradation associated with GAC should consider more mechanistic partitioning of CBs 
and microbial communities between sediment, water, and GAC. Further investigation of 
biofilm interactions with CBs sorbed to activated carbon can elucidate whether close 
physical contact between degraders and sorbents can facilitate greater desorption and 
degradation. This would have wide-ranging applicability for multiple classes of HOCs.  
4.5 Conclusions 
• Aerobic biodegradation of 1,2-DCB was demonstrated on freshly amended GAC in 
synthetic media and in SCD site water using both simple GAC seeding and direct 
addition of inoculum culture into microcosms. 
• Increased GAC loading in clean media microcosms led to decreased aqueous CB 
concentrations, but at decreasing sorbed densities (Experiments 1, 2). Overall extents 
and rates of mineralization appeared to decrease with increased loading, potentially 
due to low desorption of CBs from GAC at lower sorption densities.  
• Increased SCD sediment loading increased the extent and rate of CB degradation in 
the presence (Experiment 3) and absence (Experiment 6) of a constant GAC 
amendment. In the absence of GAC, rapid and complete mineralization was observed 
within 8 days at tested loadings of 0.33-333 g sediment/L. Partitioning of CBs to 
sediment coupled with biofilm formation on sediment could reasonably explain 
observed effects, but was not tested here.   
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• Increased inoculum concentrations appeared to decrease the initial degradation lag 
time, suggesting the observed lag in experiments may be related to initial growth of 
degrading organisms (Experiment 7).  
• When substantial degradation occurred (>20%), degradation curves could be 
accurately modeled with a first-order model, incorporating a lag term to account for 
delayed degradation in some microcosms. In other microcosms this model did not fit 
appropriately, and more complex models should be considered. 
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(290-350 days) in simple filter sand matrices and a more complex mixture of SCD wetland 
sediment and sand. Vertical profiles of porewater CB concentrations showed that reductive 
dechlorination and aerobic degradation occurred sequentially in anaerobic and aerobic 
zones respectively without apparent overlap. This spatial separation allowed both pathways 
to be examined separately. In Chapter 2, we observed rapid rates and of reductive 
dechlorination; however, dechlorination stalled at MCB, emphasizing that anaerobic 
reductive dechlorination was not a viable path to mineralization.  
After analyzing aerobic degradation patterns for the mix of dechlorinated CBs 
produced anaerobically, we found that all CB congeners appeared to degrade at a similar 
rate under oxygen-limiting conditions (Section 2.4.3). This was a crucial finding because 
it implied that there was no apparent aerobic degradation advantage for dechlorinated CBs 
compared to the parent compound. Furthermore, results from Chapter 3 suggested that 
more chlorinated CBs such as TCB may be more advantageous for aerobic degradation 
under oxygen-limiting conditions since less oxygen is theoretically required to facilitate 
mineralization compared to dichlorobenzenes (DCBs), and MCB. Consequently, the initial 
hypothesis for this research appeared incorrect in these oxygen-limited systems. Aerobic 
CB degradation was not aided by a prior dechlorination step, and aerobic degradation 
proceeded regardless of congener.  
5.2 Factors Affecting Biodegradation at OAIs 
In Chapter 2, we investigated the influence of electron donor dose as the primary 
experimental parameter controlling degradation. Labile organic carbon is frequently found 
in the subsurface, ranging in form from decaying biomass to simple organic acids such as 
the model electron donor used here, sodium lactate (NaLac). We found that reductive 
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dechlorination of CBs in the anaerobic zone was stimulated by increasing doses of NaLac 
between 0.14 and 1.4 mM, with observed transformations ranging from no dechlorination 
to complete dechlorination to MCB. However, with increasing electron donor dose, a 
decreasing fraction was utilized for reductive dechlorination; instead, more electron donor 
was utilized in side-reactions such as organic acid fermentation and sulfate reduction. 
Consequently, increased concentrations of reduced substrates decreased the extent of 
aerobic CB degradation. Increased competition for limited oxygen led to nearly complete 
inhibition of aerobic CB degradation at 1.4 mM NaLac. Under the tested conditions, this 
experiment showed a relatively narrow window of 5-50 mg/L DOC where aerobic CB 
degradation was viable given an oxygen limitation of 7 mg/L. These results emphasized 
that aerobic degradation at OAIs may not be viable at sites with high labile organic carbon 
content.  
 In Chapter 3, alternative electron acceptors nitrate and sulfate were investigated at 
model OAIs with constant electron donor dose (0.55 mM NaLac) and stable influent 
oxygen concentration (~7 mg/L). Sulfate, tested at doses of 0.15, 0.5, 2.5, and 10 mM was 
found to negatively impact reductive dechlorination and aerobic degradation of 1,2,4-TCB 
at concentrations of at least 0.5 mM and led to near complete inhibition at 10 mM. 
Anaerobically, sulfate reduction appeared to outcompete CB reductive dechlorination for 
limited H2. Aerobically, the re-oxidation of reduced sulfur products appeared to 
outcompete CB oxidation for limited O2. These results emphasized that high sulfate in 
groundwater may pose challenges for biological contaminant remediation regardless of 
pathway. Nitrate, a more energetically favorable electron acceptor, outcompeted nearly all 
other reduction processes for limited NaLac at tested concentrations of 0.15, 0.5 and 2.5 
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mM. Reductive dechlorination was negatively impacted at nitrate concentrations greater 
than 0.5 mM and completely inhibited degradation at 2.5 mM. However, preferential use 
of nitrate as an electron acceptor created a permanent reduced sink for electrons and 
prevented formation of re-oxidizable substrates such as sulfide, organic acids, and 
methane. This, in turn, decreased competitive oxygen demand and facilitated enhanced 
aerobic CB degradation at doses of at least 0.5 mM nitrate. Under excess nitrate (2.5 mM), 
we observed nearly complete degradation of 1,2,4-TCB (26.3 µM) with nearly 2 mg/L 
residual oxygen remaining, a 270% increase from baseline conditions. These results 
demonstrated that nitrate, whether naturally occurring or amended, would potentially be 
beneficial for aerobic CB degradation at contaminated sites.  
 Recognizing the importance of aerobic CB degradation, in Chapter 4 we 
investigated how aerobic degradation may be affected in a bioremediation amendment 
strategy involving sorptive granular activated carbon (GAC). It was found that increasing 
GAC loadings (0.13-6.7 mg/L) in 1,2-DCB contaminated water led to a significant 
decrease in aerobic 1,2-DCB mineralization over time. This emphasized a potential 
tradeoff between sorption capacity and bioavailability for CB-degrading organisms. 
Increasing mixing ratios of sediment with GAC (0.25-25 g sediment/g GAC) increased 
both the rate and extent of degradation, mitigating the previously observed inaccessibility 
of CBs for degradation. Sediment loads in the absence of GAC (0.33-333 g/L sediment) 
led to rapid and complete mineralization of CBs with decreasing degradation lag times at 
higher solids concentrations. Combined with observations in Chapter 2 of enhanced 
reductive dechlorination in columns containing site sediment, site sediments played a 
beneficial role in promoting biodegradative pathways. Potential benefits from increased 
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biofilm attachment, bioavailability, and trace nutrient availability were suspected, but 
would need to investigated directly.  
5.3 Microbial Community Characterizations 
 
Characterization of microbial communities in Chapter 2 and 3 column studies 
provided useful insight into ongoing microbial processes driving transformations of CBs 
and other redox-sensitive chemicals. In Chapter 2, the vertical stratification of microbial 
communities was profiled along model OAIs in active CB-degrading columns. In Chapter 
3, the microbial communities in porewater were profiled between anaerobic and aerobic 
zone along time and shifting nitrate- and sulfate- redox conditions.  
Results in both experiments showed that anaerobic reductive dechlorination was 
completely dependent on obligate organohalide respiring bacteria (OHRB) Dehalobacter, 
which emerged in inoculum cultures over other more prominent OHRB. Dehalobacter was 
shown to dominate the anaerobic microbial community in the tested sand and sediment 
column from Chapter 2, reaching abundances of up to 4×108 copies/g (50.9% relative 
abundance). Consequently, this column had fast reductive dechlorination rates (up to 31.1 
µM/hr) and efficient utilization of NaLac for reductive dechlorination (up to 5.8%). In 
Chapter 3, the relative abundances of Dehalobacter in porewater samples had a nearly 
linear correlation with observed dechlorination activity, suggesting potential microbial 
signaling of dechlorination activity. Future research involving reductive dechlorination of 
CBs may consider studying the physiology of Dehalobacter more carefully due to its 
prominence in these tested systems.  
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Aerobic degradation functionality was not easily attributed to particular keystone 
organisms. CB degradation can occur across a number of unrelated taxa, which are also 
capable of degrading a wide variety of other organic substrates. Dominant organisms in 
aerobic inocula were often not prominent in column samples and vice-versa, indicating 
species succession between liquid culture and biofilm systems. In all of our tested columns, 
we did observe the emergence of a known aromatic-degrader Novosphingomonas 
(identified as an Unspecified Sphingogmonadaceae in Chapter 2), which co-occurred with 
aerobic degradation. The presence of a diverse pool of potential aerobic degraders likely 
contributed to the observed nonspecific degradability of CBs observed in our experiments. 
Attempting to track aerobic CB degradation potential may be more effective through 
functional genes related to CB degradation rather than through taxonomic genes.  
Prominent genera associated with methane cycling, sulfate cycling, and nitrate 
reduction were all identified in column porewater in Chapter 3. Changes in relative 
abundances of these organisms were generally in agreement with changes in measured 
redox processes. This showed, at least in closed systems, that abundances of planktonic 
cell mass could qualitatively signal changes in redox processes. As expected, biofilm 
communities showed strong stratification across redox conditions. However, these 
structures were not reflected well by porewater communities. In general, the community 
data collected was able to reinforce and clarify observed chemical data and assumed 
processes. While the opportunity for robust sampling was limited in these experiments, the 
column sampling schemes demonstrated here show great potential for studying other 
relationships between community and function in model OAIs.  
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5.4 Practical Significance 
Results from this research have several important practical implications. From a 
fundamental standpoint, we demonstrated a model system that can effectively interrogate 
changes in chemical and microbial activity across an OAI. Though our work was motivated 
by a contaminated wetland site, OAIs are abundant in the environment and can occur in 
any system where the supplies of oxygen and oxygen demand form gradients, whether in 
subsurface plumes, shallow bodies of water, or  hyporheic zones [6]. 
Although demonstrating sequential reductive dechlorination and aerobic degradation 
of CBs within a single column was novel from a research standpoint, our results show that, 
for CBs, promoting both processes would not be beneficial since all tested CB congeners 
were degradable aerobically. Rather, efforts to enhance oxygen availability and CB 
degradation pathways over other aerobic oxidations appear crucial. Results from Chapter 
3 suggest that nitrate amendment may be an effective tool to maximize oxygen utilization. 
However, costs of amendment and health concerns associated with nitrate would need to 
be considered. Although sequential degradation may not be effective for CBs, sequential 
degradation at OAIs may be more relevant to chlorinated ethenes and polychlorinated 
biphenyls. Highly chlorinated congeners from these classes (e.g. PCE, TCE, Archlor) are 
prominent groundwater contaminants and show high recalcitrance to aerobic 
mineralization, thus necessitating an initial dechlorination step [7, 8].  
 GAC amendment at sites may help to abiotically sequester CB contaminant when 
degradation activity is low. Our batch degradation tests in Chapter 4 suggest contact with 
sediments could enhance biodegradation and regeneration of CBs sorbed to carbon. From 
an amendment perspective, mixing amendments into sediment may be more beneficial than 
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stratifying amendments in separate layers. However, oxygen limitations in sediments 
would also need to be considered.  
5.5 Future Research Directions  
This work covered a breadth of subjects and methodology within contaminant 
remediation, microbiology, and hydrology. Our model systems made a number of 
simplifications and assumptions that don’t necessarily capture the full complexity in the 
environment. Consequently, many important ideas tested here would benefit from 
additional elaboration and follow-up. Below, we highlight several research directions that 
could enhance the state of the science and merit further investigation.  
The simulated OAIs in our experiments assumed a constant and steady supply of 
oxygen into the subsurface, approaching air-saturation. In practice, this would be unlikely. 
Factors including water table fluctuation, photosynthesis, and root zone transport are all 
transient pathways to deliver oxygen into the subsurface, with concentrations likely to 
fluctuate substantially [9-11]. Investigating oxygen delivery and penetration into the 
subsurface would be especially important in wetland systems, where photosynthetic algae 
and plant coverage could be extensive [12]. Some previous research by others has reported 
enhanced CB degradation outcomes with pilot-scale constructed wetlands [10, 13, 14]. 
Additionally, development of predictive models incorporating these factors to estimate 
oxygen flux and availability in situ would be a valuable tool to estimate aerobic degradation 
potential for a variety of contaminants. 
In our model columns, we focused exclusively on biodegradation as opposed to 
considering abiotic processes such as volatilization and sorption. For the sake of the 
experiment, contaminant was generally in excess to measure maximum possible extents of 
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degradation. From a remediation perspective, low contaminant removal rates would be 
unacceptable. In practice, sites such as SCD may be amended with sorptive media such as 
GAC as a reactive barrier to provide abiotic sequestration capacity. After establishing 
baseline degradation outcomes in these experiments, important follow-up work should 
attempt to incorporate effects of volatilization and sorption into the system. Kurt et al. 
(2013) found high rates of CB degradation within the vadose zone, suggesting additional 
fractions of CB could be degraded in unsaturated porespace [15]. GAC amendments, as 
demonstrated in Chapter 4, would provide sorption capacity to remove CBs from porewater 
and increase the effective retention time in which biodegradation could occur. A logical 
extension of this column degradation and batch degradation work would be to test 
combined degradation and sorption dynamics of CBs in more field-relevant systems that 
incorporate temporal and spatial variability of contaminant and oxygen flux.   
Our sequencing efforts using 16S rRNA left substantial ambiguity in identifying 
functionally-relevant organisms within the column experiments. Positive identification of 
potential aerobic CB degraders was especially difficult since CB oxidation spans wide 
taxonomic groups. While functional genes are often used to assess potential metabolic 
activity in the field, there does not appear to be an extensive database of genes available to 
assess aerobic CB degradation [16]. To our knowledge, very few dioxygenases specific to 
chlorobenzene have been catalogued or studied [17, 18]. Instead, a few nonspecific 
oxygenase enzymes such as toluene dioxygenase or phenol hydroxylase are currently used 
by practitioners as proxies for assessing aerobic CB degradation potential [18-20]. 
Research efforts to better catalog and identify conserved genes specific to CB degradation 
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would provide a more specific and accurate tool for assessing aerobic CB degradation 
potential at contaminated sites.  
Finally, this research was premised upon the idea that aerobic oxidation of CBs was 
the most viable pathway to contaminant destruction. While nearly all CB bioremediation 
treatments in the field utilize aerobic degradation for treatment [10, 21-23], anaerobic 
mineralization is also a proven degradation pathway [24, 25]. However, this pathway has 
only been intentionally stimulated under laboratory conditions, where rates of MCB 
dechlorination are slow and benzene accumulation is common [24, 26, 27]. A recent study 
by Qiao et al. (2017) found convincing evidence of extensive anaerobic mineralization of 
MCB and benzene at a contaminated site in China [28]. Research investigating optimal 
growth conditions for MCB dechlorinators and enhanced anaerobic benzene oxidation in 
the field could potentially be paradigm-changing for CB bioremediation. Rather than 
relying on limiting oxygen concentrations, CBs could be mineralized under completely 
anaerobic conditions. Development of additional CB treatment strategies will help to 
deplete the large reservoir of legacy CB contamination that still remains at numerous 
complex sites and mitigate ecological and health impacts.    
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Supplementary Information for Chapter 2 
A.1 Supplemental Methods 
A.1.1 Chemicals and Reagents 
CB reagents and analytical standards (≥98% purity), cyclohexane (HPLC grade, 
≥99.9%), organic acid analytical standards, and 60% w/w sodium DL-lactate syrup were 
purchased from Sigma-Aldrich (St. Louis, MO). Inorganic anion analytical standards were 
purchased from Thermo Fisher Scientific (Waltham, MA). Reagent water used in 
experiments and analyses was distilled and treated with a Milli-Q® purification system 
(Millipore, Burlington, MA).  
A.1.2 Column Design 
Columns were constructed by fusing 4 mL borosilicate glass vials at 3.75 cm 
intervals along the vertical column length to produce sampling ports at 25, 50, and 75% of 
the nominal flowpath (Glass Shop, University of Maryland Baltimore County). 
Customized caps were fitted with Luer Lock ports attached to short segments of 1/16” (1.59 
mm) ID polytetrafluoroethylene (PTFE) tubing to facilitate sampling at the center of the 
column cross-section. Opposite the 3 sample ports, a fourth port was fused in the same 
manner 10 cm from the bottom of the column (67% of nominal flowpath) in the same 
manner for use as injection port for an oxygenated side-stream. The column entrance and 
exit were fitted with PTFE end caps attached to 3-way valves attached to the normal 
flowpath as well as Luer Lock sample ports. All caps and fittings were constructed of PTFE 
174 
 
or polyvinylidene fluoride (PVDF). All tubing was constructed of PTFE, except for 
peristaltic pump tubing, which was Viton rubber.  
Sand was prepared by dry sieving between 0.55 and 0.65 µm, rinsing 3 times with 
distilled water, drying overnight at 110 °C, and autoclaving for 30 minutes. Sediment was 
prepared by sieving wet sediment below 1 mm to remove heterogeneous debris and 
autoclaving for 30 minutes. The SSC mixture was prepared by mixing autoclaved sand and 
sediment and autoclaving again for 30 minutes. Columns were aseptically packed within a 
sterile biosafety cabinet by sequentially pouring 1-cm layers into the columns and tamping.  
A.1.3 Simulated Groundwater Media 
Mineral media constituents were prepared as two separate 2× concentrated stock 
solutions to minimize contamination and reactions before being utilized in the column 
system. Both stocks were prepared by autoclaving 3.5 L Milli-Q® water in glass bottles 
for 45 minutes followed by a 60-minute N2 purge and cool-down to sterilize influent media 
and remove dissolved oxygen without chemical scavenging. Cooled bottles were 
transferred to an anaerobic glovebag, where chemical constituents were added. Stock #1 
consisted of a mixture of electron donor sodium lactate (NaLac) and dissolved model 
contaminant 1,2,4-trichlorobenzene (1,2,4-TCB). 70 mg of neat 1,2,4-TCB was spiked into 
the bottle and stirred for 2 days using a large Teflon stir bar to ensure complete dissolution 
of the organic phase. Concentrated NaLac stock was added to achieve desired 
concentrations set throughout the experiment. Stock #2 consisted of a defined mineral salt 
solution (described below), where 1000× concentrated filter-sterilized salt stocks were 
added to attain desired final concentrations. Stock #1 was anaerobically transferred to a 5 
L Tedlar® fluoropolymer sampling bag and Stock #2 to a 5 L foil-lined sampling bag 
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(Sigma-Aldrich). These bags were used to provide zero-headspace media reservoirs 
outside of the glovebag to minimize re-oxygenation and CB losses during column 
operation. These were periodically replenished during experimental operation as the media 
were depleted and conditions varied.  
Final diluted mineral media entering the column (from Stock #2) consisted of 8.5 
mg/L KH2PO4; 22 mg/L K2HPO4; 33 mg/L Na2HPO4; 5.0 mg/L CaH4(PO4)2; 1.25 mg/L 
FeSO4·7H2O; 100 mg/L (NH4)2HPO4; 25 mg/L MgSO4·7H2O. Trace elements, modified 
from Zeyer and Kearney, were added to the media at final concentrations of 1.0 mg/L 
MnSO4·4H2O; 0.25 mg/L (NH4)6Mo7O24·4H2O; 0.25 mg/L Na2B4O7·10H2O; 0.25 mg/L 
CoCl2·6H2O; 0.25 mg/L CuCl2·2H2O; 0.25 mg/L ZnCl2; 1.0 mg/L NaVO3 [1]. Vitamins 
from a single stock solution were added at final concentrations of 0.1 mg/L pyridoxine-
HCl; 0.05 mg/L thiamine-HCl; 0.05 mg/L riboflavin; 0.05 mg/L nicotinic acid; 0.05 mg/L 
biotin; 0.02 mg/L folic acid; 0.005 mg/L cobalamin; 0.05 mg/L p-aminobenzoic acid [2]. 
1 mg/L resazurin was also added to influent media as a qualitive redox indicator.  
To minimize changes to upstream redox conditions, the media used for the 
oxygenated side stream consisted of autoclaved Milli-Q® water without additional nutrient 
addition. Water was stored in a capped 2 L glass reservoir containing a constant 100 
mL/min stream of 0.22 µm-filtered O2 from a compressed tank using a diffusive bubbler 
to achieve saturated concentrations. 
A.1.4 Inocula Preparation 
The aerobic enrichment culture used to inoculate SC was seeded by passing 1 L of 
site water from the SCD wetland site (USGS well 15-B) through a 0.22 µm filter. The filter, 
containing retained biomass, was placed in a continuously stirred, semi-continuous flow 3-
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L glass spinner flask reactor containing the simulated groundwater media described here 
seeded and fed with a mixture of MCB, 1,2-DCB, and 1,2,4-TCB vapor as an exclusive 
carbon source. The culture was maintained for over a year at a hydraulic retention time of 
56 days with weekly CB feeding, media replenishment, and pH neutralization. CB 
degradation was indicated by increase in OD600 and drop in culture pH.  
 The anaerobic enrichment was derived from chloroethene/ethane dechlorinating 
enrichment culture WBC-2 (SiREM Labs). As received, the original culture showed no 
initial capacity to degrade CBs. A subculture diluted 10× into simulated groundwater media 
in an anaerobic glovebag was able to stoichiometrically dechlorinate 1,2,4-TCB to 
monochlorobenzene using sodium lactate as an electron donor (Figure A.1). After 
completing two dechlorinating cycles of 10 mg/L 1,2,4-TCB to MCB, the subculture was 
used for column inoculation.   
A.1.5 GC-MS Analysis of Chlorobenzenes 
100 µL of aqueous sample was transferred via gastight microsyringe (Hamilton 
1710RN) into a 1.5 mL borosilicate autosample vial filled with 1 mL of extraction solvent 
consisting of cyclohexane spiked with 1 mg/L bromobenzene internal standard. The vial 
was capped with a PTFE-lined silicone septum and vortexed in parallel with other samples 
in a multi-tube vortexer (VWR) for 5 min at 1800 rpm. Extraction facilitated an effective 
10:1 dilution of analytes for analysis. Extracted sample phases were allowed to separate 
in-vial at 4 °C and were stored refrigerated in the same vial until analysis. Samples were 
introduced by liquid autosample injection (Agilent 7693) to a GC (Agilent 7890B) 
equipped with an HP-5MS column (30 m × 250 µm, 0.25 µm) coupled to a single 
quadrupole MS detector (Agilent 5977). The instrument was run with the following 
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parameters – 1 mL/min ultrapure helium (Airgas) carrier gas flow, 1 µL split injection 
(10:1 split ratio), 250 °C inlet temperature. The autosampler syringe was programmed to 
sample at a depth of 5 mm from the bottom of vials in order to prevent accidental injection 
of the underlying aqueous phase in the bottom. The oven was ramped from 50 °C to 160 
°C at a rate of 15 °C/min followed by a ramp to 250 °C at 50 °C/min (9 min total run). The 
MS was run in selected ion monitoring (SIM) mode at 5.8 Hz and a Gain Factor of 3 with 
source and quadrupole temperatures at 230 °C and 150 °C respectively. m/z values of 112, 
156, 146, and 180 were used to quantify MCB, bromobenzene, DCBs, and TCBs 
respectively with two qualifier ions monitored for QC. Aqueous standards were prepared 
from a mix of CB stocks, extracted as described above, and utilized for 5-point calibration, 
with a linear range between 0.05 mg/L to 10 mg/L, easily measured without dilution. In 
method development, calculated extraction efficiencies of aqueous standards were found 
to be between 95% (MCB) and 109% (1,4-DCB) (data not shown), which are already 
factored into calibration. Concentrations were quantified using the relative responses of the 
analyte peak areas normalized to the bromobenzene internal standard peak area.  
A.1.6 Ion Chromatography Analysis of Anions 
A Thermo Fisher Dionex ICS-2100 system equipped with a conductivity cell 
detector, KOH eluent generator, ASRS suppressor, 25 µL injection loop, and 0.5 mL 
Polyvial® autosampler (Dionex AS-40) was utilized to analyze anions. The conductivity 
cell and column were both maintained at 30 °C. Inorganic anions were analyzed using an 
AS18 ion exchange column (250 mm × 4 mm, 7.5 µm) with column guard at a flow of 0.9 
mL/min run isocratically for 20 minutes with 30 mM KOH eluent and 67 mA suppressor 
current. Inorganic anion concentrations were determined using a 6-point linear calibration 
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curve from 0.1 mg/L to 20 mg/L using a combined seven-anion standard (Thermo Fisher). 
Organic acids were analyzed using an AS11-HC ion exchange column (250 mm × 4 mm, 
9 µm) with column guard at a flow of 1 mL/min with a KOH eluent gradient and constant 
75 mA suppressor current. The eluent gradient program consisted of a 20 min hold at 1 
mM, 8 min ramp to 12 mM, 1 min ramp to 60 mM, 4 min hold at 60 mM, and 4 min post-
run equilibration at 1 mM (37 min total run). Samples were diluted and organic acid 
concentrations were determined using a 6-point linear calibration from 1 µM to 200 µM.  
A.1.7 Microbial Community Analysis 
  Sample sequence data was processed and classified using plugins within the 
qiime2 pipeline (v. 2018.4.0). Forward and reverse reads were both trimmed at 24 bp to 
remove primers and truncated at 218 bp to remove low quality score bases. Paired-end 
sequences were denoised, joined, and dereplicated with DADA2 using a 10-fold minimum 
parent over abundance [3]. Samples had an average of 149,000 reads. Across all samples, 
over unique 3600 features were identified. Features were taxonomically classified using 
the built-in Naïve Bayes feature classifier plugin classify-sklearn trained with Greengenes 
13_8 99% OTUs reference sequences [4-6]. qiime2 feature table, tree, and taxonomy 
artifacts were imported into R (v.3.5.1) using the qiime2R (v.0.99.1) package [7]. 
Community analyses were conducted using phyloseq (v.1.26.0) [8] microbial community 
analysis package and vegan (v.2.5.3) community ecology package[9]. Visualizations were 
generated using ggplot2 (v.3.1.0).  
Column samples were sequenced in duplicate. Sample replicates did not account 
for significant variation in beta diversity (Weighted Unifrac, PERMANOVA analysis, 
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10,000 permutations, p=.32, R2=.036). Therefore, taxa abundances from each column 
segment replicate were averaged based on relative abundances. 
  Total protein quantification was adapted from a method described by Onesios and 
Bouwer (2012) [10]. Approximately 1 g (wet weight) of column matrix sample was added 
to 4 mL of phosphate buffered saline solution. The mixture was vortexed for 10 seconds, 
sonicated in a bath for 5 minutes at 40 kHz (Branson 1510), and centrifuged for 5 minutes 
at 4000×g. The supernatant was analyzed using a BCA assay (Thermo Fisher) following 
the manufacturer’s instructions, utilizing bovine serum albumin as a calibration standard 
with a quadratic calibration curve. Biomass concentrations were normalized to the mass of 
oven-dried subsample. Biomass subsampling and quantification were performed in 
duplicate. Quantified results are presented in Figure A.7.  
A.1.8 qPCR Enumeration of Total Bacteria 
  A portion of eluted DNA was diluted 5× for quantitative analysis of total eubacteria. 
Conserved 16S primers 1055f (5’-ATGGYTGTCGTCAGCT-3’) and 1392r (5’-
ACGGGCGGTGTGTAC-3’) were developed in other studies for the WBC-2 culture and 
chlorobenzene reductive dechlorination [11, 12].  
  External calibration standards were created using DNA template amplified with the 
total bacteria primers inserted into a plasmid vector using a pCR™Blunt II-TOPO® kit 
(Thermo Fisher) following the manufacturer’s instructions. The vector was transformed 
into chemically competent E. coli cells using the One Shot™ TOP10 kit (Thermo Fisher) 
and plated following the manufacturer’s instructions. Colonies containing the transformed 
vector were selected on the basis of kanamycin resistance, re-plated, and grown in 50 mL 
LB broth for 12 hours at 35 °C. Suspended cells were pelleted, and plasmid DNA was 
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isolated using a GeneJET Plasmid Miniprep Kit (Thermo Fisher) following the 
manufacturer’s instructions. Plasmid DNA was visualized and purified using gel 
electrophoresis to ensure the exclusion of chromosomal DNA fragments. The cloned 
sequence identity was confirmed by Sanger sequencing. Purified plasmid concentrations 
were determined using Qubit® and converted to gene fragment copy number (copy # / mL) 
using the formula: 
Copy # =
Mass concentraton




where each vector contains a single insert, the Vector Length is 3519 bp, the average 
molecular mass of 1 bp is assumed to be 660 g/mol, and NA is Avogadro’s constant 
(6.02×1023 mol-1). These purified plasmid stocks were then serially diluted 10-fold to yield 
qPCR standards ranging in concentrations from 1×104 to 1×1011 copies/mL.  
 All samples and standards were analyzed simultaneously as 20 µL reactions in 96-
well plates in a real-time PCR system (Biorad CFX96 Touch). Reactions consisted of 10 
µL of 2× concentrated SsoAdvanced™ Universal SYBR® Green Supermix (BioRad), 2µL 
template DNA, 2 µL F primer (3 µM), 2 µL R primer (3 µM), and 4 µL ultrapure water. 
Sample template DNA was first diluted 5× before analysis. The amplification program 
utilized was 3 minutes denature step at 95 °C followed by 40 cycles of 30 seconds 
denaturation at 95 °C, 30 seconds annealing at 59 °C, and 30 seconds elongation at 72 °C. 
A calibration curve of Cq versus copy number was based on results of triplicate qPCR 
reactions. Calibration parameters were a slope = -3.39, intercept=46.0, R2=.992, and 
efficiency=97.1%. Duplicate column DNA sample extracts were run with duplicate 
technical replicates. Limits of analyte quantitation in PCR tubes were 105 copies/mL. 
Bacteria copy number concentrations for each column sample were calculated relative to 
181 
 
the mass of matrix from which the DNA was extracted, where the copy number determined 
in the PCR well CPCR was multiplied by the template dilution factor DF (5×), the total 
elution volume from the DNA extraction kit (0.1 mL), and the inverse of the total mass of 
solid matrix extracted Mcol: 
𝐶𝑐𝑜𝑙 = 𝐶𝑃𝐶𝑅 ×  𝐷𝐹  × 0.1 mL elution V ÷ 𝑀𝑐𝑜𝑙 
Limits of column sample concentration were approximately 105 copies/g sample, 
depending on exact mass of matrix sampled.  
A.1.9 Sample Calculations 
a. Degree of Effluent Chlorination: 
Average number of attached chlorines for the CBs in column effluent (100% port) 
measurement. Assessment of how dechlorinated the congener mix is. Subject to fluctuation 
based on influent CB concentration. 
Average Chlorination100 =
3 × ∑TCB100 + 2 × ∑DCBs100 + 1 × MCB100
∑CBs100
 
b. Anaerobic Dechlorinations: 
Estimated number of reductive dechlorination reactions to have occurred, based on 
appearance of daughter DCB (1 dechlorination) and MCB (2 dechlorinations) congeners. 
Presumed independent of influent CB concentration if it is in excess. 
Dechlorinations =
(2 ×  MCB100 + ∑DCBs100)
∑CBs100
× ∑CBs0 
c. Anaerobic Dechlorination Rate: 
Estimated zero-order rate of degradation based on dechlorinations observed over the 
retention time of the anaerobic zone (Table 2.1).  
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Rate = Dechlorinations/HRTAnaerobic Zone 
d. Electron Donor Utilization: 
Theoretical electron equivalent comparison of reductive dechlorination electron utilization 
versus availability of electrons from NaLac dose. Assume 12 mol e- / mol NaLac and 2 e- 











e. Percent Removal: 
Fraction of influent CBs removed due to aerobic degradation. Degradation is based on 
concentrations of CB entering the aerobic zone, therefore influent concentrations (0% port) 
must be divided by the dilution factor DF. Quantity subject to fluctuation based on influent 
CB concentration. 
% Removal = 1 − [∑CBs100 ÷ (∑CBs0 ÷ 𝐷𝐹)]   
f. Aerobic Degradation: 
Removal of total CBs across column on a molar basis. Degradation is based on 
concentrations of CB entering the aerobic zone, therefore influent concentrations (0% port) 
must be divided by the dilution factor DF. Presumed independent of influent CB 
concentration if it is in excess. 
Aerobic Degradation = (∑CBs0 ÷ 𝐷𝐹) − ∑CBs100 
g. Aerobic Degradation Rate: 
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Estimated zero-order rate of degradation based on total CB removal observed over the 
retention time of the aerobic zone (Table 2.1).  
Rate = Aerobic Degradation/HRTAerobic Zone 
h. Oxygen Utilization: 
Theoretical % of available DO used for aerobic CB degradation based on electron 
equivalent balance. Assume 4 mol e- / mol O2 and 24, 26, and 28 mol e- / mol TCB, DCB, 
and MCB oxidized, respectively.   



















Since the e- demand varies slight depending on CB congener, we determined the average 
e- demand u of CBs based on the average degree of chlorination of the effluent (S2a). 











i. Cl Balance 
The agreement between apparent Cl loss due to CB removal and dechlorination versus the 
change of free chloride measured between the influent and effluent. Apparent Cl loss is 
based on the total number of attached Cls on CB molecules at the effluent vs influent. 
Chloride balance was calculated at each time point and then averaged. Therefore, phase 
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summary chloride balance is not reflective simply of the summary chloride change and 
apparent Cl loss.   
Attached Cl0 = 3 × ∑TCB0 
Attached Cl100 = 3 × ∑TCB100 + 2 × ∑DCBs100 + 1 × MCB100
= Average chlorination100 × ∑CBs100 
Apparent Cl Loss = Attached Cl0 ÷ 𝐷𝐹 − Attached Cl100 
Measured Cl− Change = [Cl−]100 × Dilution Factor − [Cl





j. Net Sulfate Change 
The net change in sulfate concentration between influent and effluent, adjust to the effluent 
concentration. 
Sulfate Change = [SO4
2−]100−[SO4
2−]0 ÷ 𝐷𝐹 
k. Sulfur Oxygen Demand 
Theoretical % of available DO used for sulfide oxidation CB degradation based on electron 
equivalent balance. Assume sulfide oxidation to sulfate and 8 mol e-/ mol sulfate produced. 











l. Sample Calculations: 
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Using SSC Phase 1 summary values as an example (Table 2.2; Table A.1).  














× 100% = 2.7% 
% Removal = 1 − [14.7 μM ÷ (36.1 μM ÷ 1.30)] × 100% = 47.1% 




= 11.3 μM/hr 



















m. Calculate increase in oxygen demand from sulfur oxidation between Phase 3 and 
1: 
Net sulfate changePhase 1 = −12 μM     Net sulfate changePhase 3 = +28 μM 
Increase in sulfide oxidaton = 28 μM + 12 μM = 40 μM 
Sulfur Oxygen Demand Increase
=












× 100% = 37.6% 
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A.2  Tables and Figures 
 
Figure A.1. Batch microcosms of anaerobic SSC inoculum culture demonstrating reductive dechlorination 
of 1,2,4-TCB and appearance of daughter products under varying NaLac doses. Primary daughter products 





































5.9 ± 1.2 
36.1 ± 1.5 
(6.6 ± .3) 14.7 ± 1.8 1.8 ± .4 74.7 ± 9.7 58.1 ± 7.5 -12 ± 13 
SC 35.3 ± 1.2 (6.4 ± .2) 8.6 ± 1.2 2.7 ± .0 75.5 ± 1.6 37.5 ± 33.0 -24 ± 67 
 
2  
1.4 mM NaLac 
26 4 
SSC 
6.5 ± 0.3 
51.5 ± 2.5 
(9.3 ± .4) 37.7 ± .4 1.2 ± .0 97.2 ± 8.9 83.6 ± 10.5 -143 ± 40 






6.8 ± 0.6 
23.1 ± 1.9 
(4.2 ± .4) 12.1 ± .8 1.0 ± .0 53.6 ± 5.9 60.4 ± 7.3 28 ± 17 
SC 21.0 ± 1.7 (3.8 ± .3) 6.5 ± 1.3 3.0 ± .1 38.1 ± 5.3 42.8 ± 7.4 9 ± 9 
4  
1.4 mM NaLac 32 5 
SSC 
7.5 ± 0.6 
34.9 ± 1.5 
(6.3 ± .3) 25.4 ± 1.1 1.1 ± .0 68.9 ± 4.7 70.4 ± 7.4 -69 ± 5 







7.5 ± 0.5 
42.7 ± 1.1 
(7.8 ± .2) 22.8 ± .8 1.4 ± .1 85.6 ± 2.8 79.8 ± 3.3 -23 ± 13 
SC 39.2 ± 1.7 (7.1 ± .3) 15.6 ± 1.1 2.1 ± .1 74.7 ± 3.2 74.0 ± 5.1 0 ± 20 
6  
0.28 mM 
NaLac, O2 Off  
7 4 
SSC 0.7 ± 0.1 
* 
40.3 ± .9 
(7.3 ± .2) 31.5 ± 1.9 1.4 ± .1 65.3 ± 4.0 57.0 ± 5.6 -67 ± 9 






7.3 ± 0.3 
37.1 ± 1.4 
(6.7 ± .2) 17.5 ± 2.2 1.2 ± .0 86.2 ± 5.1 82.5 ± 6.8 -49 ± 7 
SC 33.8 ± 1.5 (6.1 ± .3) 12.4 ± 1.3 2.3 ± .0 64.3 ± 5.2 54.8 ± 11.2 0 ± 8 
Results presented as average ±1 SD 






Figure A.5. Class-level microbial community profiles in inocula cultures and column porewater. Bacteria 
and Archaea classes with <1% representation aggregated as “Other”. [Bracketed groups] were not identified 






Table A.3. Comparison of prominent genera in porewater and biofilm matrix microbial communities  
Class Genus 










Abundance  log (Porewater/Matrix) 
Betaproteobacteria Thiobacillus 22.2% 0.29% -1.9  4.1% 0.017% -2.4 
Clostridia Dehalobacter 19.9% 0.08% -2.4  0.2% 0.034% -0.8 
Betaproteobacteria Rhodocyclus 9.0% 3.6% -0.4  22.4% 4.0% -0.7 
Gammaproteobacteria Pseudomonas 8.9% 81.1% 1.0  12.8% 7.3% -0.2 
Clostridia Pelotomaculum 8.1% 0.12% -1.8  0.016% ND b - 
Clostridia Desulfosporosinus 1.1% 4.8% 0.6  0.35% 0.53% 0.2 
Clostridia Clostridium 4.2% 4.4% 0.0  1.0% 0.44% -0.3 
Bacteroidia Unspecified Porphyromonadaceae 2.3% 1.2% -0.3  0.70% 0.0071% -2.0 
Betaproteobacteria Comamonas 0.47% 0.19% -0.4  17.3% 81.5% 0.7 
[Saprospirae] Sediminibacterium 1.4% 0.49% -0.5  12.5% 0.15% -1.9 
Betaproteobacteria Unspecified Comamonadaceae 1.6% 0.08% -1.3  6.9% 5.1% -0.1 
Methanomicrobia Methanosarcina 0.89% 0.010% -2.0  0.020% 0.002% -1.1 
Alphaproteobacteria Xanthobacter 0.0035% ND b -  0.16% ND b - 
Alphaproteobacteria Unspecified Sphingomonadaceae 0.48% 0.004% -2.0  3.79% 0.006% -2.8 
Betaproteobacteria Pandoraea 0.48% 0.039% -1.1  0.040% ND b - 
a. Total matrix relative abundance estimated by summation of total abundances in each column segment: 
∑ % 𝐴𝑏𝑢𝑛𝑑𝑎𝑛𝑐𝑒𝑖 × 𝑇𝑜𝑡𝑎𝑙 16𝑆 𝐶𝑜𝑝𝑖𝑒𝑠𝑖
8
𝑖=1
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Supplementary Information for Chapter 3 
B.1 Dissolved Methane Analysis 
For dissolved methane analysis, approximately 5 mL of porewater were sampled in 
glass syringes. After collection, samples were immediately transferred to pre-weighed 8 
mL glass serum bottles and sealed with butyl rubber stoppers and crimp tops. Total sample 
volume was determined gravimetrically. Bottles were shaken vigorously by hand for 10 
seconds and stored upright at room temperature (approximately 20 °C) for 1 hour to 
achieve equilibrium between the liquid samples and headspace.  
100 µL of headspace were sampled using a gastight glass syringe with a sample 
lock and manually injected into a GC-FID (Agilent 7890) utilizing splitless injection at 200 
°C inlet temperature. Methane peaks were resolved at a retention time of 1.35 minutes 
using helium carrier gas at 2 mL/min flow in an Agilent DB-5ms column (30 m × 250 µm, 
.25 µm) at a constant 40 °C oven temperature. The FID was operated at 230 °C with 
detector gas flows of 400 mL/min air, 40 mL/min H2, and 40 mL/min N2 makeup. Methane 
concentrations were calibrated linearly to standards prepared by spiking known volumes 
(2-250 µL) of pure methane calibration standard (99%; Restek, Bellefonte, PA) into sealed 
160 mL serum bottles, corresponding to gas-phase concentrations of 0.05– 6.75 mg/L.  
Aqueous concentrations were back-calculated from headspace concentrations using 
Henry’s Law [1, 2]. Henry’s solubility constant was calculated as a function of room 
temperature during each measurement according to Equation B.1, where H0 is the Henry’s 
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 is an empirical temperature dependence constant, and T is 
the room temperature during analysis [2].  
Equation B.1 

















 (1600 K) were selected 
according to Burkholder et al. (2015) [1]. Henry’s constant was converted to a 
dimensionless solubility constant (aqueous / gas concentration) according to Equation B.2, 
where R is the ideal gas constant and T is the room temperature.  
Equation B.2 
𝐻𝑐𝑐 = 𝐻𝑐𝑝 × 𝑅𝑇 
A mass balance (Equation B.3) was used to calculate the methane concentration (Caq) in 
the porewater sample (Vl) based on the equilibrated concentration (Ch) measured in the gas 













Table B.1 Timeline of column operation and sampling reported in Chapter 3 
 Time of Activity (days) 











Startup (-15) - 31 NA NA NA 
     Empty bed tracer test (-15)    
     Inoculation (-12)    
     Begin 100% port measurements 0    
     Begin 50% port measurements 31    
I 31-81 57-80 76/79* 76 ,78 
II 81-141 115-140 135/128* 129, 135 
III 141-193 169-192 188/190* 188, 192 
IV 193-302 260-296 296 293, 296 
     Tracer Test 301    
V 302-351 330-346 344 344, 346 
     Tracer Test 349    
     Sacrificial Sample 351    







Table B.2. Description of reductive and oxidative processes, measured analytes, and electron equivalents used to calculate column electron balance 
Redox Process Species Measured Assumed Half-Reactants Calculated Analyte Change (∆µM) e
- Equivalent 
(∆µeq/∆µmol) 
Anaerobic Zone     
Available e- Donor  Lactate (NaLac) Lactate →  CO2 Lactate0 (theoretical) a 12 
     
Reductive Dechlorination DCBs, MCB 𝑛CB →  (𝑛 − 1)CB Dechlorination50 − Dechlorination0 2 
Nitrate Reduction Nitrate (NO3−) NO3 → N2 Nitrate0 (theoretical) − Nitrate50 b 5 
Sulfate Reduction Sulfate (SO42−) SO42− →  S2− Sulfate0 − Sulfate50 8 
Methanogenesis Methane (CH4) CO2 → CH4 Methane50  −  Methane0 (theoretical) c 8 
Propionate Fermentation Propionate CO2 →  Propionate Propionate50 − Propionate0 (theoretical) c 14 
Acetate Fermentation Acetate CO2 →  Acetate Acetate50 − Acetate0 (theoretical) c 8 
Unreacted Lactate Lactate NA Lactate50 − Lactate0 (theoretical) c 12 
     
  
∑Measured Reductions = ∑ Analyte Change ×Redox Processes  e
− Equivalent  
% e− Donor Utilization = ∑Measured Reductions ÷ Available e− Donor 
     
Aerobic Zone     
Available Oxygen DO O2 → H2O DOside streamd 4 
     
CB Oxidation TCB, DCBs, MCB 𝑛CB →  CO2 nCB50 ÷ 𝐷𝐹 − nCB100 24, 26, 28 
Sulfide Oxidation Sulfate (SO42−) S2− → SO42− Sulfate50  ÷ 𝐷𝐹 −  Sulfate100 8 
Methane Oxidation Methane (CH4) CH4 →  CO2 Methane50  ÷ 𝐷𝐹 −  Methane100 8 
Propionate Oxidation Propionate Propionate →  CO2 Propionate50 ÷ 𝐷𝐹 − Propionate100 14 
Acetate Oxidation Acetate Acetate →  CO2 Acetate50 ÷ 𝐷𝐹 − Acetate100 8 
Lactate Oxidation Lactate Lactate →  CO2 Lactate50 ÷ 𝐷𝐹 − Lactate100 12 
     
  
∑Measured Oxidations = ∑ Analyte Change ×Redox Processes  e
− Equivalent  
% 𝑂𝑥𝑦𝑔𝑒𝑛 𝑈𝑡𝑖𝑙𝑖𝑧𝑎𝑡𝑖𝑜𝑛 = ∑Measured Oxidations ÷ Available Oxygen 
   
 
a. Influent NaLac (Lactate0) was assumed to be a constant 55µM (6643 µeq) throughout the experiment 
b. Influent Nitrate (Nitrate0) was assumed to be equal to the theoretical nitrate dose for the given phase 
c. All influent e- donors besides NaLac were assumed to be zero, assuming NaLac was unreacted at influent 
d. DOside stream was calculated as the measured side-stream concentration at the given phase diluted into the column aerobic zone  
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Table B.3. Summary of steady-state calculated and measured parameters for each column phased used in manuscript body 
Column Phase 
Influent  Anaerobic Zone  Aerobic Zone Effluent 































































0.0 ± .0 0.0 NA NA 2 ± 5 NA 
 
8.5 ± .6 
1.38 
1.9 ± 
.8 1.2 4.4% NA 0 ± 1 NA 
 22.9 ± 
1.6 8 ± 3% 3.0 ± .0 
II 27.7 ± 3.5 
 
0.0 ± .0 0.0 NA NA -1 ± 2 NA 
 
8.9 ± .5 0.7 ± .8 0.4 1.5% NA -2 ± 2 NA 
 20.3 ± 
1.9 -1 ± 5% 3.0 ± .0 
III 23.9 ± .9 
 
0.0 ± .0 0.0 NA NA 1 ± 6 NA 
 
9.3 ± .8 0.8 ± .3 0.5 1.6% NA -2 ± 5 NA 
 
16.9 ± .5 3 ± 3% 3.0 ± .0 
IV 23.8 ± 3.2 
 
0.0 ± .0 0.0 NA NA 0 ± 7 NA 
 
7.4 ± .2 1.8 ± .6 1.1 4.7% NA -2 ± 4 NA 
 15.2 ± 
2.7 12 ± 7% 3.0 ± .0 
V 19.5 ± 1.5 
 
0.0 ± .0 0.0 NA NA 2 ± 4 NA 
 
7.4 ± .3 0.9 ± 1.2 0.5 2.4% NA -3 ± 2 NA 
 14.0 ± 
1.0 0 ± 12% 3.0 ± .0 
                        








 11.9 ± 
3.9 3.3 0.36% NA -94 ± 8 426 
 
7.1 ± .5 
1.30 
10.1 ± 
2.2 7.3 27.8% NA 17 ± 3 92 
 20.2 ± 
3.0 35 ± 9% 2.7 ± .1 
II 41.2 ± 1.9 
 14.8 ± 




7.5 ± .4 7.8 ± 1.2 5.6 20.6% NA 15 ± 7 242 
 26.0 ± 
2.9 18 ± 6% 2.6 ± .2 
III 38.5 ± 1.8 
 7.0 ± 
2.7 1.9 0.21% NA -83 ± 7 491 
 
7.8 ± .7 9.0 ± 1.6 6.5 22.6% NA 15 ± 8 235 
 20.7 ± 
2.5 30 ± 7% 2.8 ± .1 
IV 38.1 ± 4.4 
 17.1 ± 




6.2 ± .2 8.3 ± 1.0 6.0 27.0% NA 3 ± 4 124 
 22.5 ± 
2.7 23 ± 6% 2.4 ± .1 
V 39.4 ± 4.3 
 30.3 ± 
5.0 8.4 0.91% NA -97 ± 4 200 
 
6.2 ± .2 7.3 ± .6 5.3 24.6% NA 6 ± 5 104 
 24.9 ± 
1.6 17 ± 9% 2.0 ± .1 
NA - not measured or calculated 








Table B.3. Summary of steady-state calculated and measured parameters for each column phased used in manuscript body (continued) 
Column Phase 
Influent  Anaerobic Zone  Aerobic Zone  Effluent 





























































I 0 mM 39.0 ± 1.3  13.4 ± 2.9 3.8 0.40% 1 ± 1 
-88 ± 
4 437 
 8.0 ± 
.5 
1.35 
9.8 ± 2.7 7.4 24.2% 1 ± 1 16 ± 5 201  19.1 ± 3.3 
34 ± 
10% 2.6 ± .1 
II .15 mM 39.1 ± 2.3  10.2 ± 3.7 2.9 0.31% -142 ± 3 
-86 ± 
12 346 
 8.4 ± 
.4 8.3 ± 1.3 6.3 19.4% 2 ± 2 13 ± 4 139 
 22.2 ± 
1.9 23 ± 5% 2.7 ± .1 
III .5 mM 37.2 ± 1.6  2.6 ± 1.5 0.7 0.08% -477 ± 38 
-57 ± 
32 167 
 8.7 ± 
.8 
15.6 ± 
2.1 11.9 34.5% 5 ± 9 32 ± 8 11 
 11.7 ± 
2.5 58 ± 8% 2.9 ± .1 
IV 2.5 mM 36.6 ± 4.3  3.4 ± 1.6 1.0 0.10% -943 ± 54 1 ± 4 7 
 7.0 ± 
.2 
26.3 ± 
2.1 20.0 72.2% 
-59 ± 
44 2 ± 8 5 
 1.3 ± .7 95 ± 2% 3.0 ± .0 
V .5 mM 40.0 ± 2.6  14.2 ± 4.3 4.0 0.43% -499 ± 0 
-84 ± 
18 192 
 7.0 ± 
.3 
13.4 ± 
3.9 10.2 38.2% 0 ± 0 15 ± 7 50 
 18.1 ± 
3.6 
39 ± 
10% 2.6 ± .1 
                        





I .15 mM 39.7 ± 3.2  11.9 ± 4.1 3.2 0.36% NA 
-95 ± 
8 203 
 7.8 ± 
.5 
1.34 
7.5 ± 3.5 5.4 19.0% NA 12 ± 2 183  21.3 ± 3.1 28 ± 8% 2.6 ± .1 
II .5 mM 39.1 ± 2.0  5.6 ± 1.3 1.5 0.17% NA -245 ± 26 392 
 8.2 ± 
.4 5.9 ± 1.5 4.2 13.8% NA 54 ± 15 195 
 24.8 ± 
1.6 15 ± 6% 2.8 ± .0 
III 2.5 mM 37.5 ± 1.8  3.4 ± .5 0.9 0.10% NA -329 ± 35 353 
 8.5 ± 
.8 6.5 ± .5 4.6 14.7% NA 
106 ± 
45 177 
 21.6 ± 
1.1 23 ± 4% 2.9 ± .0 
IV 10 mM 36.3 ± 4.1  0.0 ± .0 0.0 0.00% NA -252 ± 137 317 
 6.8 ± 
.2 3.1 ± 1.8 2.2 8.8% NA 70 ± 93 188 
 23.6 ± 
2.1 12 ± 7% 2.9 ± .0 
V .5 mM 39.8 ± 2.7  1.3 ± .8 0.4 0.04% NA -325 ± 31 279 
 6.8 ± 
.3 3.8 ± 2.2 2.7 10.7% NA 68 ± 8 156 
 26.7 ± 
1.6 10 ± 4% 3.0 ± .0 
                        
NA - not measured or calculated 








Table B.4. Summarized steady-state CB degradation significance testing 
    Anaerobic Dechlorinations  Aerobic Degradation 
Column Phase From Previous Phase 1 From BC Phase 2  From Previous Phase 1 From BC Phase 2 
  p-value 3 Sig. 4 p-value 3 Sig. 4  p-value 3 Sig. 4 p-value 3 Sig. 4 
Abiotic 
(AC) 
I NA  NA   NA NA NA  
II NA  NA   0.022842 * NA  
III NA  NA   0.872048 ns NA  
IV NA  NA   0.006553 ** NA  
V NA  NA   0.12665 ns NA  
           
Baseline 
(BC) 
I NA  NA   NA  NA  
II 0.4156 ns NA   0.059585 ns NA  
III 0.0474 * NA   0.18193 ns NA  
IV 0.0024 ** NA   0.380327 ns NA  
V 0.0010 ** NA   0.054913 ns NA  




I NA  0.4744 ns  NA  0.84263 ns 
II 0.1246 ns 0.2057 ns  0.275188 ns 0.52938 ns 
III 0.0025 ** 0.0083 **  6.65E-05 *** 0.00015 *** 
IV 0.3248 ns 0.0005 ***  2.19E-06 *** 0.00000001 *** 
V 0.0010 *** 0.0001 ***  0.000133 *** 0.01249 * 




I NA  0.9912 ns  NA  0.16729 ns 
II 0.0117 * 0.0273 *  0.313048 ns 0.03126 * 
III 0.0078 ** 0.0224 *  0.368484 ns 0.01024 * 
IV 0.00002 *** 0.0002 ***  0.002057 ** 0.00007 *** 
V 0.0093 ** 0.00002 ***  0.555386 ns 0.00873 ** 
1. Between current phase and previous phase within the same column 
2. Between same phase in current column and Baseline Column (BC) 
3. Results of Welch’s 2-tailed t-test 






Table B.5. Effluent pH measurements in columns during steady-state of each experimental phase 
Phase Sample Time (day) 
Column 
AC BC NRC SRC 
I 76 7.50 7.17 7.12 7.16 
II 127 7.36 7.35 7.41 7.43 
III 198 7.57 7.17 7.34 7.32 
IV 261 7.61 7.20 7.36 7.36 





Figure B.4 Baseline Column (BC) time-series sulfate profile at 0%, 50%, and 100% sample ports. Dotted 
black line represents theoretical sulfate input. To visualize the mass balance between column influent and 
effluent, 100% port sample concentrations were multiplied by the side-stream dilution factor, resulting in 





Figure B.5 Nitrate-reducing Column (NRC) time-series nitrate profile at 0%, 50%, and 100% sample ports. 
Dotted black line represents theoretical nitrate input. Sawtooth influent concentrations resulted from 
persistent nitrate utilization before 0% port and periodic sterilization of inlet lines. To visualize the mass 
balance between column influent and effluent, 100% port sample concentrations were multiplied by the side-
stream dilution factor, resulting in displayed concentrations higher than actual sample measurements. 
 
 
Figure B.6 Nitrate-reducing Column (NRC) time-series sulfate profile at 0%, 50%, and 100% sample ports. 
Dotted black line represents theoretical sulfate input. To visualize the mass balance between column influent 
and effluent, 100% port sample concentrations were multiplied by the side-stream dilution factor, resulting 




Figure B.7 Sulfate-reducing Column (BC) time-series sulfate profile at 0%, 50%, and 100% sample ports. 
Dotted black line represents theoretical sulfate input. To visualize the mass balance between column influent 
and effluent, 100% port sample concentrations were multiplied by the side-stream dilution factor, resulting 
in displayed concentrations higher than actual sample measurements. 
 
 
Figure B.8 Empty bed column step-input tracer test during column startup (day -15). Plotted points were 





Figure B.9 Phase IV column step-input tracer test (day 301). Plotted points were measured concentrations 




Figure B.10 Phase V column step-input tracer test (day 351) immediately before ending operation. Plotted 








Figure B.12. Class-level porewater microbial community relative abundance profile in biological columns 
during steady-state of each phase at 50% port (left) and 100% port (right) for classes with >=1% abundance. 





Figure B.13. Relative abundance profiles of methanogenic Methanosaeta at 50% porewater port and 
methanotroph Methylocystis at 100% porewater port during steady-state operation of each experimental 
phase. Each datapoint represents the average of 2 samples with the exception of BC Phases II, III, and V.  
 
Figure B.14. Relative abundance profiles of likely nitrate-reducing bacteria Dechlorosoma and Rhodoferax 
at 50% porewater port during steady-state operation of each experimental phase. Each datapoint represents 
the average of 2 samples with the exception of BC Phases II, III, and V. 
 
Figure B.15. Relative abundance profiles of sulfate reducer Desulfosporosinus at 50% porewater port and 
sulfur oxidizer Thiobacillus at 100% porewater port during steady-state operation of each experimental 






Figure B.16. Genus-level relative abundance profile of microbial biofilm community in all columns at the 
end of the experiment (Phase V). Genera shown are >=2% abundance. n=2 replicate samples for all segments 





Figure B.17. Vertical relative abundance profiles of suspected CB degrader in column biofilms at the end of 
Phase V. Segments 1 and 2 sampled from anaerobic zone, segment 3 in transition from anaerobic to aerobic 
zone, and segment 4 in the aerobic zone.  
 




Figure B.18. Vertical relative abundance profiles of suspected functionally-relevant redox-cycling 
microorganisms in column biofilms at the end of Phase V. Segments 1 and 2 sampled from anaerobic zone, 
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